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MICRO- AND MESOPLASTICS IN THE NORTHERN BALTIC SEA: 




Näkki, P. Micro- and mesoplastics in the northern Baltic Sea: their fate in the 
seafloor and effects on benthic fauna. W. and A. de Nottbeck Foundation Sci. Rep. 




Marine litter, especially microplastics (plastic fragments < 5 mm), has been a subject 
of increasing interest in recent decade, due to its ubiquitous distribution in the marine 
environment. Most marine litter will eventually sink to the seafloor, and many field 
studies to date have confirmed the accumulation of microplastics in fine-grained soft 
sediments. The numbers of microplastics in the environment are expected yet to 
increase; thus, the seafloor sediments represent both current and future hotspots for 
microplastic pollution, making it important to investigate the fate and potential 
impacts of plastic litter in these habitats. 
 
In this thesis, the interactions between microplastics, the benthic invertebrate 
community and harmful contaminants were examined in four different mesocosm 
studies that together shed light on how the size, properties (polymer type and 
associated contaminants) and vertical distribution of plastics on the seafloor may 
affect the benthic fauna. The most common benthic invertebrates in the northern 
Baltic Sea, the Baltic clam Limecola balthica, polychaete Marenzelleria spp. and 
amphipod Monoporeia affinis, were selected for the experiments that investigated 
how the activities of the benthic community shape the vertical distribution of 
microplastics in the sediment. A follow-up study further examined the bacterial 
communities developing on the surface of different biodegradable (cellulose acetate, 
poly-L-lactic acid) and conventional (polyamide, polystyrene) mesoplastics together 
with the capacity of plastics to sorb polycyclic aromatic hydrocarbons (PAHs) from 
the sediment. Lastly, the effects of acute (5 days) and chronic (29 days) exposure to 
tyre rubber fragments on L. balthica were examined, using a suite of biomarkers and 
cell ultrastructural examination of clam tissues. 
 
The results demonstrate that bioturbation by common benthic fauna buried 
microplastics in the sediment up to a depth of 5 cm and at the same time reduced 
their bioavailability to the invertebrates feeding from the sediment surface. In the 
experiments, 25% of the exposed clams ingested microplastics from the sediment 
surface, but the availability of microplastics decreased with depth; only 1% of the 
clams were found to ingest microplastics that were placed at depths of 2–5 cm in the 
sediment. In addition to the location of the microplastics, their bioavailability was 
also governed by the species-specific particle-size range for ingestion. Furthermore, 
the redistribution of buried microplastics at the sediment surface by bioturbation was 
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negligible, supporting the hypothesis of seafloors acting as a final sink for 
microplastics.  
 
When incubated in the sediments, the bacterial communities developed on 
biodegradable cellulose acetate diverged from the other polymer types examined and 
harboured potentially biodegrading bacteria. The results also showed that all the 
polymer types examined sorbed PAHs from the sediments, but had varying PAH 
sorption capacities, indicating that if ingested, the microplastics’ role as PAH vectors 
is dependent on the polymer type. However, comparison of the PAH concentrations 
in plastics and in the sediment also suggested that the ingestion of plastics is not 
likely to increase the PAH burden of deposit-feeders. In contrast, the contaminants 
already present in microplastics may pose elevated risk for benthic fauna, as was 
found in the study carried out with tyre rubber. Both PAHs and trace metals were 
quantified from the tyre rubber, and the clams exposed to an environmentally 
relevant concentration of tyre rubber fragments exhibited multiple sublethal 
responses, indicating oxidative stress and damage to vital cellular structures.  
 
In essence, this thesis provides novel information that contributes to fulfilling the  
current knowledge gaps regarding the fate and impacts of microplastics on the 
seafloor, and will further aid in assessing the potential risks microplastics pose to the 
benthic fauna, especially in the study area of the northern Baltic Sea. It remains 
unclear whether the impacts of microplastics could span from the individual to the 
population dynamics and ecosystem functioning, but the results obtained call for 
further research on the complex interactions taking place in the seafloor to better 
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1.1 Marine litter – a global concern 
 
Marine litter, defined as “any 
persistent, manufactured or processed 
solid material discarded, disposed of 
or abandoned in the marine and 
coastal environment” (UNEP 2009), is 
a ubiquitous threat to the environment 
that also affects the economy, health 
and society. It consists of a variety of 
different materials, such as plastic, 
metal, glass, paper, cardboard, wood, 
ceramics, rubber and textiles (UNEP 
2009). Marine litter has raised wide 
concern, due to its deleterious effects 
on the environment, especially 
wildlife. To date, marine litter is 
known to affect over 800 species 
among many groups of wildlife, and 
the number is predicted to rise (Kühn 
et al. 2015, CBD 2016). Not only does 
marine litter threaten wildlife and 
disturb ecological processes, it can 
also cause economic and societal 
losses. The direct economic costs of 
marine litter are related, e.g. to its 
removal from the environment and 
repairing the damage it causes to the 
fishing industry, marine traffic or 
human health (Newman et al. 2015). 
Some of the impacts are harder to 
assess in economic terms; these 
include loss of revenue, recreation 
values, biodiversity and important 
ecosystem services (McIlgorm et al. 
2011, Newman et al. 2015). 
     While the harm caused by visible 
macrolitter has been recognized and 
on stage since the 1970s (reviewed by 
Ryan 2015), microlitter rose into the 
limelight only after Thompson 
described tiny pieces of plastics found 
in the marine waters and sediments of 
the Northeast Atlantic (Thompson et 
al. 2004, Frias & Nash 2019). At the 
same time, finding the “Great Pacific 
Garbage Patch” in the North Pacific 
Ocean (Moore et al. 2001) raised 
interest in the abundance and impacts 
of marine litter in our oceans (Ryan 
2015). Shortly after, in 2008, the 
European Union Marine Strategy 
Framework Directive (MSFD; 
Directive 2008/56/EC) included 
microlitter in one of its 11 qualitative 
descriptors. The MSFD strives to 
achieve Good Environmental Status in 
EU marine waters, requiring the 
member states to monitor both macro- 
and microlitter and ensure that litter 
does not cause harm to the coastal and 
marine environment. This, at the 
latest, gave rise to a completely new 




1.2 From nano to mega – 
definitions and properties of plastic 
litter 
 
The concerns related to marine litter 
revolve around plastics, since they 
form most of all marine litter (Pham et 
al. 2014, Galgani et al. 2015, 
Agamuthu et al. 2019). Their 
predominance as a material among 
other types is a consequence of many 
factors: wide application in society, 
the ever-growing production volumes 
of plastics, irresponsible consumer 
behaviour, lack of proper waste-
management practices and resistance 
to degradation (Andrady 2015, 




of plastics has grown exponentially 
since their invention: while in 1950 the 
global plastic production was 1.7 
million tonnes, in 2019 the production 
volume had reached 368 million 
tonnes (PlasticsEurope 2013, 2020). 
The amount of plastic litter in the 
environment goes hand in hand with 
its production volumes and is expected 
to still rise in future decades (Law & 
Thompson 2014, Koelmans et al. 
2016). 
     Most plastics are produced from 
petroleum, and currently 
approximately 6% of the world’s oil 
production is exploited for their 
production (Ellen MacArthur 
Foundation et al. 2016). The 
percentage of bioplastics (i.e. plastics 
produced from biological, renewable 
sources) in the global market is still 
less than 1%, but their production is 
expected to increase and diversify 
over the forthcoming years (Verbeek 
& Uitto 2017, European Bioplastics 
2020). The renewable resources in 
bioplastic production include e.g. 
starch, cellulose, plant oils and 
polyhydroxyalkanoates (PHAs) 
produced by bacteria (Chen 2010, 
Iwata 2015), but they are mostly a 
solution to the imminent crude oil 
depletion, not directly to marine 
plastic pollution. Despite being made 
of renewable sources, the properties of 
the final plastic product are not 
influenced by which raw material is 
utilized (Sudesh & Iwata 2008). To 
mitigate the accumulation of plastic 
litter in the environment, the material 
must be fully biodegradable under the 
conditions in which it ends up; as such, 
it can be converted to carbon dioxide, 
water and biomass by microorganisms 
(Song et al. 2009). 
     In general, plastics are synthetic or 
semisynthetic organic compounds that 
consist of polymers and different 
additives (Lithner et al. 2011). The 
polymers, in turn, consist of 
monomers that form polymer chains 
or three-dimensional networks in a 
process called polymerization. The 
most common monomers include 
ethylene, propylene, vinyl chloride 
and styrene, each having its own 
unique chemical structures and 
characteristics (Lithner et al. 2011, 
PlasticsEurope 2020) (Table 1). The 
specific gravity of different polymers 
is one of the most important factors 
affecting their distribution in the 
marine environment. Approximately 
60% of the plastic produced has a 
lower density than seawater (1.025 
g/cm3), and hence tends to float on the 
sea surface or is carried to shore, 
whereas denser plastics are suspended 
in the water column or sink to the 
seafloor (Andrady 2011). During 
manufacturing of plastics, additives 
are mixed with the polymer to modify 
the properties of the final product. 
Thousands of different additives are 
used in plastic compounding, and 
include fillers, plasticizers, flame 
retardants, colorants, ultraviolet (UV) 
stabilizers, thermal stabilizers and 
processing aids (Lithner et al. 2012, 
Andrady & Rajapakse 2019) 
     While a systematic, universal 
framework for defining and 
categorizing marine plastic litter is 
lacking, according to a recent proposal 
by Hartmann et al. (2019) plastic litter 
should be defined as “objects 




modified natural polymers as an 
essential ingredient that, when present 
in natural environments without 
fulfilling an intended function, are 
solid and insoluble at 20 °C”. This 
definition comprises a wide spectrum 
of artificial or modified polymer 
materials that may have similar 
environmental behaviour, such as 
slow degradation, or similar hazardous 
properties or biological effects in the 
environment. However, sometimes 
this definition conflicts with the 
classical definitions of polymer 
science that do not consider e.g. 
elastomeric materials to be plastics 
(ISO 472:2013). Since a universal 
definition is yet to be agreed on, in this 
thesis the definition by Hartmann et al. 
(2019) is adopted due to its simplicity 
and usefulness in describing marine 
plastic litter; it also enables fragments 
of tyre rubber and polymer-containing 
paints to be included under the plastic 
litter umbrella. This approach is also 
taken by the European Chemical 
Agency (ECHA) in defining 
microplastics for regulatory purposes 
(ECHA 2019).  
     Further classification of plastic 
litter usually takes into account the 
size, shape, structure and colour of the 
items and, if possible, the purpose of 
use (e.g. fishing-related debris). 
Furthermore, in the case of 
microplastics, they are typically 
categorized into primary and 
secondary, based on their origin; 
primary microplastics are 
intentionally manufactured to be of 
small size, whereas secondary 
microplastics are formed by 
fragmenting from larger plastic items 
(GESAMP 2015). Size is an 
environmentally relevant parameter 
because it considerably affects the 
particle’s environmental fate (e.g. 
sinking behaviour; Chubarenko et al. 
2016) and interaction with biota, but 
currently there is no clear consensus 
on size categories (Hartmann et al. 
2019). In this thesis, a traditional 
division stretching from nano- (< 1 
µm), micro- (1 µm – 5 mm), meso- (5 
mm – 25 mm), macro- (25 mm – 1 m) 
to megaplastics (> 1 m) is used 
(HELCOM 2015, GESAMP 2019). 
 
 
Table 1. Some common polymer types found in the marine environment, the specific 
gravities (g/cm3) of the virgin resins and their use in various products (Andrady 2011, 
Claessens et al. 2013, GESAMP 2015, Wypych 2016, PlasticsEurope 2020).  
 
Polymer type Abbreviation Specific gravity Purpose
Polyethylene (low-density) LDPE 0.91–0.93 Bags, trays and containers, agricultural film, food packaging
Polyethylene (high-density) HDPE 0.94 Toys, milk and shampoo bottles, pipes, houseware
Polypropylene PP 0.85–0.83 Food packaging, microwave containers, pipes, ropes
Polystyrene PS 1.04–1.09 Food packaging, building insulation, electrical equipment
Polystyrene (expanded) EPS 0.01–1.05 Floats, foam cups
Polyamide/nylon PA 1.13–1.15 Fishing nets, lines and traps, ropes
Polyethylene terephthalate PET 1.34–1.39 Beverage bottles
Polyvinyl chloride PVC 1.16–1.42 Window frames, floor and wall covering, cable insulation
Acrylonitrile butadiene styrene ABS 1.03–1.09 Hub caps




1.3 Sources and pathways of plastic 
litter 
 
Annually 4.8–12.7 million tonnes of 
plastic waste are estimated to enter the 
marine environment, and without 
improvements in waste-management 
infrastructures, the quantity will 
continue to increase (Jambeck et al. 
2015). In general, most of the plastic 
litter (~80%) is derived from land-
based sources, such as illegal dumping 
and inadequate waste management, 
coastal tourism as well as packaging, 
agriculture, construction and plastic 
recycling sectors (UNEP 2005, 2016, 
Galgani et al. 2015, Sebille et al. 
2016). The rest originates from sea-
based sources including fisheries, 
aquaculture, commercial shipping and 
offshore industries, maritime-based 
tourism and other recreational 
activities (UNEP 2005, 2016, Loulad 
et al. 2017, Lebreton et al. 2018).  
     The sources of microplastics 
compare partly with the sources of 
macroplastics, since secondary 
microplastics are derived from large 
litter items, due either to 
fragmentation in the environment, or 
because of the wear and tear of plastic 
items and plastic-containing products 
(Andrady 2017, Hann et al. 2018). 
Fragmentation is a result of plastic 
degradation, which is defined as being 
any change in the physical or chemical 
properties of plastic that is induced by 
chemical, physicochemical 
(photodegradation, thermal 
degradation, mechanical degradation) 
or biological processes (Fotopoulou & 
Karapanagioti 2019). Fragmentation 
starts typically by photodegradation 
(Fotopoulou & Karapanagioti 2019), 
in which UV radiation initiates 
changes e.g. in the surface properties 
(micro-cracking) and decreases the 
average molecular weight (MW) of 
the plastic (Andrady 2015). 
Photodegradation together with 
thermal and mechanical degradation 
result in the weathering and 
embrittlement of the material, leading 
ultimately to the generation of 
microplastics (Andrady 2015, 2017). 
One of the single largest sources of 
microplastics is estimated to be road 
traffic, which generates fragments 
from tyres undergoing friction on the 
road (Kole et al. 2017, Hann et al. 
2018, Wagner et al. 2018). The 
sources of primary microplastics, in 
turn, are related to the plastic 
production sector (unintentional 
leakages of pellets and powders from 
industrial processes) and also come 
from products where they are 
intentionally added (e.g. cosmetics 
and personal-care products, paints, 3D 
printing powders) (UNEP 2016, 
Boucher & Friot 2017).  
     Once the litter enters the ocean, its 
ownership is lost; thus, plastic 
pollution represents yet another 
example of “the tragedy of the 
commons”, in which the responsibility 
of the problem becomes clouded. 
Although many sources of marine 
litter have been recognized to date, 
their emission volumes are extremely 
difficult to assess. This is particularly 
a problem for microplastics, whose 
source becomes practically 
untraceable as soon as they enter the 
environment. Moreover, the relative 
importance of different sources is not 
clear and is likely to vary, depending 




determining the significance of 
different sources in littering is the 
pathway by which the litter from the 
source is transported to the sea. The 
pathways of plastic litter include 
rivers, stormwaters, direct release and 
dumping, winds, surface runoff, snow 
dumping and municipal wastewaters 
(Jambeck et al. 2015, Talvitie et al. 
2017, Schmidt et al. 2017, Setälä & 
Suikkanen 2020, Ziajahromi et al. 
2020). As with the relative importance 
of different sources, the relative 
importance of different pathways also 
varies geographically, further 




1.4 Seafloors as pollution hotspots 
 
Since most plastics are lightweight, 
they have long residence times in 
surface waters and can be transported 
far from their source (Ryan et al. 2009, 
Schernewski et al. 2020). Plastic litter 
has been found at the water surface 
and in sea ice, the water column, 
seafloor and at beaches (Thompson et 
al. 2004, Vianello et al. 2013, Stolte et 
al. 2015, Peeken et al. 2018, Zobkov et 
al. 2019). The physical environment 
governing the distribution of plastics 
include winds, waves, currents and 
density-stratification of the water 
column (Chubarenko et al. 2016, Kane 
et al. 2020, Uurasjärvi et al. 2021), but 
biological processes are also involved. 
For example, the density of a litter 
item can change as a result of biofilm 
formation (i.e. organisms colonizing 
the surface of a plastic), subsequently 
leading to sinking (Lobelle & Cunliffe 
2011, Kooi et al. 2017). In the case of 
microplastics, their transport to the 
seafloor can also occur inside faecal 
pellets of animals ingesting plastics 
(Cole et al. 2013, Katija et al. 2017) or 
when incorporated into descending 
phytoplankton aggregates (Long et al. 
2015).  
     Seafloors are proposed to act as 
sinks for marine plastic debris (Barnes 
et al. 2009, Eriksen et al. 2014, Cózar 
et al. 2014, Woodall et al. 2014). The 
abundance and composition of 
macroscopic plastic litter on the 
seafloor varies spatially and is 
dependent e.g. on the water depth, 
strengths of the bottom currents, wave 
action, seabed structure and proximity 
to different sources (UNEP 2016). In 
coastal areas, litter densities 
(including plastic) range from 0 to 
>7700 items per km2 (Galgani et al. 
2015, Loulad et al. 2017, Maes et al. 
2018).  Benthic litter commonly 
accumulates in areas of low 
circulation (Ioakeimidis et al. 2014) 
and, similarly,  microplastics are often 
also most abundant in areas 
characterized  by weak water flow and 
fine-grained sediments (Strand et al. 
2013, Vianello et al. 2013, Maes et al. 
2017, Willis et al. 2017, Enders et al. 
2019, Sun et al. 2021). Environmental 
sampling has confirmed that 
microplastics found  on the seafloor 
include plastic types that  typically are 
positively buoyant in seawater 
(Claessens et al. 2011, Vianello et al. 
2013, Sun et al. 2021), supporting the 
hypothesis of the seafloor as an 
ultimate sink for marine microplastics 
(Woodall et al. 2014). 
     The microplastics found in marine 
sediments vary with size, shape, 




secondary fragments derived from 
larger plastic items (Shim et al. 2018). 
Similar to larger plastic litter, 
microplastics are spread from shallow 
coastal areas (Thompson et al. 2004, 
Claessens et al. 2011, Vianello et al. 
2013) to deep-sea floors (Van 
Cauwenberghe et al. 2013, Woodall et 
al. 2014, Fischer et al. 2015, 
Bergmann et al. 2017, Courtene-Jones 
et al. 2020). Their concentrations are 
spatially highly variable, even at 
adjacent sampling sites (Tirroniemi 
2019, Barrett et al. 2020, Pagter et al. 
2020), which potentially reflects the 
heterogenous mosaiclike patterns of 
these habitats that also shape the 
spatial structuring of benthic 
communities (Kraan et al. 2009). 
However, in general the 
concentrations are quite high: 42–
6595 microplastics per kg sediment 
(dw; dry weight) have been observed 
in the Arctic Ocean (Bergmann et al. 
2017), and even 12 000–200 000 
microplastics per kg sediment (dw) in 
an urban fjord in Norway (Haave et al. 
2019). Concentrations of similar 
magnitude also seem to be common in 
other sea areas (Barrett et al. 2020, 
Abel et al. 2021), and typically 
microplastic abundance in sediments 
is inversely related to their size 
(Bergmann et al. 2017, Tirroniemi 
2019, Haave et al. 2019, Courtene-
Jones et al. 2020).  
     Not only microplastics but also 
various anthropogenic contaminants 
accumulate in seafloor sediments 
(HELCOM 2010a). These include 
both older types of contaminants, such 
as polycyclic aromatic hydrocarbons 
(PAHs), polychlorinated biphenyls 
(PCBs), heavy metals (e.g. Hg, Pb) 
and pesticides (e.g. 
dichlorodiphenyltrichloroethane 
[DDT]) as well as newer modern 
contaminants, such as triclosan, 
organotin compounds and 
polybrominated diphenylethers 
(PBDEs) (Heim & Schwarzbauer 
2013). Since many of these substances 
are hydrophobic, they associate 
strongly and descend to the seafloor 
with the settling organic matter 
(Hedman et al. 2008). Similar to 
microplastics, they tend to accumulate 
in depositional low-energy 
environments characterized by weak 
current and wave action, which raises 
questions about the potential 
interactions of microplastics and 
various contaminants. For example, it 
is known that hydrophobic organic 
compounds (HOCs) present in the 
water have high affinity for the 
amorphous regions of organic matter,  
similar to the amorphous regions in 
plastics (Teuten et al. 2009, Rochman 
et al. 2013b), and in seawater the 
sorption of various HOCs to different 
plastic types has been shown in both 
field and experimental studies (e.g. 
Endo et al. 2005; Mato et al. 2001; 
Rochman et al. 2013a). A field 
adsorption experiment with plastic 
pellets revealed significantly higher 
concentrations of PCBs and 
dichlorodiphenyldichloroethylene 
(DDE) in microplastics than in the 
ambient seawater (Mato et al. 2001). 
This has led to suggestions that 
plastics could act as vectors for HOCs 
(Teuten et al. 2009, Hartmann et al. 
2017). 
     In the sediment, the concentrations 
of HOCs typically exceed the 




the use of many older contaminants 
has declined or been completely 
prohibited in recent decades, the 
remnants of past pollution have not yet 
disappeared; they are still 
accumulated and preserved in the 
sediment records (HELCOM 2010a, 
Heim & Schwarzbauer 2013). It is 
unknown how the increasing plastic 
loads in marine waters and sediments 
interact with the historical and current 
pools of HOCs. If plastics act as their 
adsorption surfaces, the sorption of 
HOCs to plastic litter may shape their 
availability in the environment and 
transport to biota. Furthermore, many 
additives present in the polymer 
matrix, such as bisphenol-A (BPA) 
and PBDEs, are known to be harmful 
to the environment and can desorb 
from plastics (Teuten et al. 2009, 
Lithner et al. 2011, 2012). 
 
 
1.5 Processes affecting the fate of 
plastics on the seafloor 
 
When microplastics sink to the 
seafloor, they are often subject to 
various activities performed by the 
benthic fauna. The animals in and on 
the seafloor continuously modify the 
physical, chemical and biological 
properties of their surroundings in a 
process called bioturbation (Rhoads 
1974, Aller 1982, Lohrer et al. 2004). 
Bioturbation covers all activities of 
benthic fauna, such as burrowing, 
feeding, defecation and ventilation, 
that directly or indirectly affect the 
sediment structure by transporting 
solutes or particles in the sediment-
water interface (Kristensen et al. 
2012). Bioturbation plays a vital role, 
e.g. in carbon and nutrient cycling, in 
increasing oxygen penetration into the 
sediment, as well as in the metabolism, 
dispersion and burial of marine 
pollutants (Rhoads 1974, Snelgrove 
1998). This reworking is most 
intensive within the upper parts of the 
sediment surface (Rhoads 1974) and 
can hence act as an important process 
affecting the small-scale spatial 
distribution of microplastics in the 
sediment.  
     The ability of the benthic 
macrofauna to affect particle mixing 
within the sediment is dependent on 
various species-specific 
characteristics, such as their mobility, 
depth of residence and feeding 
behaviour (particularly feeding mode 
and particle selection) (Rhoads 1974, 
François et al. 1997, Gerino et al. 
2007, Kristensen et al. 2012). It is 
generally believed that the smaller the 
particles are, the more easily they are 
moved by the benthic fauna, either via 
ingestion or other activities, such as 
locomotion or tube building (Rhoads 
1974, Wheatcroft 1992). The species 
involved in bioturbation processes can 
be classified into five broad categories 
called functional groups: biodiffusers, 
upward conveyors, downward 
conveyors, gallery-diffusers and 
regenerators (François et al. 1997; 
Michaud et al. 2006; see Fig. 1). 
Biodiffusers are often clams that move 
sediment particles randomly over 
short distances (François et al. 1997). 
Polychaetes are typically upward or 
downward conveyors: the upward 
conveyors occupy the sediment head 
down and transport sediment from the 
deeper layers to the sediment surface 




conveyers transport particulate 
material in the opposite direction 
(François et al. 1997). Many 
polychaetes create complex burrow 
networks in the surficial sediment 
layer and cause diffusive local mixing; 
thus, they are called gallery-diffusers 
(Kristensen et al. 2012). The 
regenerators are typically crabs that 
release sediment to the overlying 
water, and their abandoned burrows 
are filled with surface sediment 
(Kristensen et al. 2012). These 
functional groups affect the direction, 
distance and extent of particle 
transport, and since the benthic 
community composition varies in 
different sea areas, benthic animals 
likely also have varying impact on the 
vertical distribution of microplastics 
on the seafloor. 
     Bioturbation also modifies the 
chemical and microbiological 
environment of the plastics. Abiotic 
conditions, such as the presence of 
oxygen, affect the fate of plastic litter, 
especially their degradation potential 
(Andrady 2015). Although the current 
abiotic conditions can either 
accelerate or decelerate the 
degradation processes, the roles 
played by various processes affecting 
plastic litter degradation in different 
marine environments are still poorly 
understood. It is generally believed 






Figure 1.  Effects of different functional groups on sediment reworking. The arrows 
represent the movement of particles. Redrawn and modified from François et al. 




occurs at the sea surface and on the 
beaches, where exposure to UV 
radiation and temperature changes are 
higher. Therefore, as the plastic 
reaches the seafloor, the dark, cold and 
sometimes oxygen-deprived 
conditions prevailing at depths 
efficiently slow down many 
degradation processes (e.g. 
photodegradation, thermal 
degradation), resulting in slow 
accumulation of plastic on the seafloor 
(Andrady 2011, 2015).  
     Biodegradation is part of the 
degradation process and typically 
follows the aforementioned abiotic 
degradation (Jacquin et al. 2019). In 
biodegradation, the organic carbon of 
plastic is converted into biogas and 
biomass by microorganisms (bacteria, 
fungi) colonizing the plastic surface 
(Shah et al. 2008). Biodegradation is a 
stepwise process consisting of four 
phases: biodeterioration, which 
modifies the structure of the polymer 
matrix; biofragmentation of the 
polymer chain by the enzymes 
secreted by the microorganisms; 
assimilation, in which  small 
oligomers are taken up by the cells to 
be used as a carbon source and 
mineralization, in which  completely 
oxidized metabolites (e.g. H2O, CO
2, 
CH4) are excreted (Lucas et al. 2008, 
Fotopoulou & Karapanagioti 2019).  
     The polymer type and other 
properties of plastic litter (e.g. surface 
properties) influence their 
colonization and subsequent 
breakdown by microorganisms 
(Artham et al. 2009, Oberbeckmann & 
Labrenz 2020). Whereas in some cases 
certain biodegradable plastics do show 
signs of degradation in the benthic 
environment (Eich et al. 2015), other 
studies have failed to find differences 
between the degradation of 
conventional and biodegradable 
plastics in marine sediments 
(Nauendorf et al. 2016). Although 
potentially plastic-degrading 
microorganisms exist in the oceans 
(Wright et al. 2020b), the rate of 
degradation is expected to be too slow 
to remove plastics and prevent them 
from accumulating in the environment 
(Andrady 2015, Oberbeckmann & 
Labrenz 2020). In the absence of 
degrading forces, the plastics may be 
preserved on the seafloor for decades 
or even centuries (Goldberg 1997), 
causing long-lasting harm to benthic 
ecosystems. Due to their ubiquitous 
presence and persistence in seafloor 
deposits, they have even been 
proposed for use as stratigraphic 
indicators for the Anthropocene – a 
geological epoch characterized by 
human influence on the environment 
(Zalasiewicz et al. 2016). 
 
 
 1.6 Impacts of plastics on the 
benthos 
 
The accumulation of plastic litter on 
the seafloor has raised concerns for the 
possible impacts of plastics within 
these environments. Globally, most of 
the seafloor consists of fine-grained, 
soft sediments (Rhoads 1974), and 
benthic animals living in these habitats 
form the largest faunal assemblage on 
the planet by areal coverage 
(Snelgrove 1998). It is therefore 
possible that benthic communities will 
encounter and become exposed to high 




lifetime (Van Cauwenberghe et al. 
2015). In addition, the biodiversity 
hotspots on deep-sea floors may even 
be regarded as microplastic hotspots, 
due to the currents supplying oxygen, 
nutrients – and microplastics – to these 
areas (Kane et al. 2020).  
     Plastic litter alters benthic 
environments and, hence, the living 
conditions of benthic fauna,  e.g. by 
smothering benthic fauna and the 
seafloor (Mordecai et al. 2011, Green 
et al. 2015), inhibiting gas exchange in 
the sediment-water interphase 
(Suhrhoff & Scholz-Böttcher 2016), 
altering nitrogen-cycling processes in 
sediments (Seeley et al. 2020) and 
leaching out harmful substances 
(Suhrhoff & Scholz-Böttcher 2016). 
They can also directly entangle marine 
organisms (Kühn et al. 2015).  Of 
particular concern is the ingestion of 
microplastics. Most animals living in 
muddy sediments are deposit-feeders 
(Shull 2009), which may be 
particularly vulnerable to microplastic 
pollution (Depledge et al. 2013). The 
surface sediments may even be passed 
through them multiple times per year 
(Rhoads 1974), and therefore, it is not 
surprising that evidence for 
microplastics invading benthic food 
webs already exists (Van 
Cauwenberghe et al. 2015, Taylor et 
al. 2016). In addition to deposit-
feeders, many other taxa living in the 
benthic habitat and utilizing different 
feeding modes (e.g. suspension-
feeders) ingest microplastics (Setälä et 
al. 2016b). Ingestion of microplastics 
in the environment has been observed 
in benthic fauna, including cnidarians 
(Iliff et al. 2020), bivalves (Davidson 
& Dudas 2016), gastropods 
(Courtene-Jones et al. 2017), annelids 
(Van Cauwenberghe et al. 2015), 
crustaceans (Hara et al. 2020), 
echinoderms (Courtene-Jones et al. 
2017) and demersal fish (Lusher et al. 
2013). Laboratory experiments 
indicate that microplastics can also 
move up from one trophic level to 
another via predator-prey interactions 
(Farrell & Nelson 2013). 
     When ingested, microplastics may 
cause internal physical damage, such 
as abrasions or blockages in the 
gastrointestinal tract (Wright et al. 
2013) or decrease the food 
assimilation efficiency (Blarer & 
Burkhardt-Holm 2016). It has also 
been suggested that microplastics 
could induce damage caused by the 
harmful ingredients and substances in 
the plastic material. These harmful 
substances can be divided into 
ingredients of the plastic material (e.g. 
residual monomers, different 
additives), by-products of 
manufacturing (e.g. solvents, 
initiators, catalysts and other 
polymerization additives), and 
chemicals sorbed from the 
environment (e.g. PAHs, PCBs) 
(Andrady 2011, Rochman 2015) that 
are not covalently bound and thus have 
the capacity to desorb or leach out 
from the polymer matrix (Lithner et al. 
2011, 2012, Hartmann et al. 2017). 
Toxicological responses caused by 
plastics may be related to some of or a 
combination of all these chemicals (de 
Ruijter et al. 2020), and the exposure 
can be either direct (i.e. when the 
organism is in contact with the 
particle) or indirect (i.e. through the 
aqueous phase containing desorbed 




     The impacts of microplastics are 
commonly investigated at the 
organismal level or below (e.g. tissues, 
cells, molecules). Acute mortality in 
response to microplastic exposure is 
seldom reported, but various sublethal 
effects have been detected (reviewed 
by de Sá et al. 2018). Sublethal effects 
can be assessed, using biomarkers, i.e. 
changes in the biological responses of 
an organism that are related to 
exposure or toxic effects of 
environmental chemicals (Peakall 
1994). In general, biomarkers can be 
visible behavioural reactions (e.g. 
reduced burrowing; Archambault et al. 
2013), physiological responses (e.g. 
increased oxygen consumption; 
Martins et al. 2007) or cellular and 
subcellular responses (e.g. changes in 
enzyme activity; Valavanidis et al. 
2006). Multiple biomarkers 
representing different functions and 
levels of organization are commonly 
examined concurrently to evaluate the 
response of the organism to a certain 
contaminant.  
     The animal’s exposure to 
contaminants increases the formation 
of reactive oxygen species (ROS) that 
can cause oxidative damage to 
proteins, lipids and DNA in the cells 
(Livingstone et al. 1990, Valavanidis 
et al. 2006). The cells are protected by 
a specific antioxidant defence system 
(ADS) that tries to compensate for the 
harmful effects by scavenging ROS; if 
this neutralization is incomplete, the 
animal experiences oxidative stress 
(Davies 1995). Therefore, changes in 
the activity of the ADS enzymes, such 
as superoxide dismutase (SOD), 
catalase (CAT), glutathione 
peroxidase (GPx) and glutathione 
reductase (GR), are often examined as 
an indication of oxidative stress. 
Fighting to counteract the destructive 
effects of contaminants reduces 
cellular energy stores and may 
eventually lead to less energy for 
growth and reproduction (Trestrail et 
al. 2020). Since biomarker responses 
can be detected relatively soon after 
exposure, they act as early warning 
signs that may signal potential impacts 
at higher organizational levels 
(population, community, ecosystem) 
that would require longer periods of 
time to observe (Fig. 2). 
     The biomarker approach has been 
taken in many studies investigating the 
impacts of microplastics on different 
organisms (e.g. Avio et al. 2015; 
O’Donovan et al. 2018; Oliveira et al. 
2013; Ribeiro et al. 2017; Santana et 
al. 2018; von Moos et al. 2012). The 
detected effects may include oxidative 
damage in the form of increased lipid 
peroxidation (LPO), DNA strand 
breaks (genotoxicity) and changes in 
ADS (especially SOD, CAT and GPx 
activities) (reviewed by Prokić et al. 
2019). Furthermore, microplastics can 
alter energy metabolism by inhibiting 
the activity of enzymes participating 
in the citric-acid cycle, produce 
neurotoxic effects by decreasing 
acetylcholinesterase (AChE) activity, 
and cause histological changes and 
subsequent inflammatory effects (von 
Moos et al. 2012, Prokić et al. 2019). 
     However, the results gained from 
different studies are sometimes 
contradictory and are highly 
dependent on the polymer type, 
particle size, concentration and   




2019). Currently, the weight of 
evidence for many environmental 
impacts of microplastics is limited, 
partly due to the discrepancy in 
particle type, size, shape or 
concentration in comparison to 
environmental conditions (de Ruijter 
et al. 2020). Moreover, 
ecotoxicological studies tend to focus 
on certain model species and rely on 
short exposure time, leaving the long-
term environmental effects for less 






Figure 2. Biological responses to a contaminant at different biological organization 
levels plotted against time scale for response times. Redrawn and modified from 








2 AIMS OF THE THESIS  
 
There are currently many knowledge 
gaps regarding the fate and impacts of 
microplastics in the marine 
environment. Due to the pressing need 
to quantify and assess the risks related 
to microplastic pollution, my research 
is directed to the identified pollution 
hotspot – the seafloor. While field 
surveys are practical when 
investigating the presence, abundance 
and distribution of microplastic 
pollution in the marine environment, 
understanding the biological processes 
shaping their distribution patterns or 
studying their effects on organisms is 
more feasible in controlled laboratory 
settings, at least in the beginning when 
knowledge of the problem is still 
scarce. Hence, my thesis is based on 
mesocosm experiments mimicking the 
natural conditions of the northern 
Baltic Sea. Special focus was directed 
towards microplastics, but 
mesoplastics were also examined. 
     The general aim of my thesis was 
to examine what happens to plastics 
when they reach the seafloor. How do 
benthic macroinvertebrate 
communities shape the distribution of 
microplastics in the sediment? Do 
different types of plastics have the 
capability to sorb sedimented PAHs 
and potentially act as their vectors to 
biota? Do the sediments harbour 
bacteria capable of plastic 
biodegradation? Does the exposure to 
microplastics and their 
cocontaminants negatively impact the 
benthic fauna? These questions were 
answered by investigating the 
interactions between plastics, benthic 
communities and harmful substances 
in the northern Baltic Sea in four 
different studies (I–IV) that together 
paint  a picture  of how the size, 
properties (polymer type, 
cocontaminants) and vertical 
distribution of plastic litter on the 
seafloor affect the exposure and risks 
of plastic to benthic fauna in the 
northern Baltic Sea ecosystem. The 
studies focus on the most common 
benthic invertebrates in the northern 
Baltic Sea: the Baltic clam Limecola 
balthica (earlier known as Macoma 
balthica), the polychaete 









Bioturbation transports secondary 
microplastics to the deeper layers in 
soft marine sediments of the northern 
Baltic Sea 
 
The aim here was to explore whether 
bioturbation by the benthic 
community is able to bury 
microplastics that are settled on the 
sediment surface.  The bioavailability 
of differently sized microplastics for 
the study species (L. balthica, 
Marenzelleria spp., M. affinis) was 









Seafloor sediments as microplastic 
sinks in the northern Baltic Sea – 
negligible upward transport of buried 
microplastics by bioturbation 
 
As a follow-up to the previous study, 
this experiment aimed at investigating 
whether the buried microplastics 
remain in the sediment records or the 
benthic fauna are able to redistribute 
them back to the sediment surface. 
Two size classes and burial depths of 
microplastics were used to examine 
the impact of depth and particle size 
on their potential upward transport. 
The ingestion of microplastics was 
again inspected to assess their 
availability to the study species (L. 






Polycyclic aromatic hydrocarbon 
sorption and bacterial community 
composition of biodegradable and 
conventional plastics incubated in 
coastal sediments 
 
This study aimed at comparing the 
sorption of PAHs on two 
biodegradable and two conventional 
plastic types in coastal sediments 
collected from different sites 
subjected to various anthropogenic 
pressures. In addition, the impact of 
polymer type on the bacterial 
community composition of plastics 
was inspected to indicate the potential 





Tyre rubber exposure causes oxidative 
stress and intracellular damage in the 
Baltic clam (Limecola balthica)  
 
The aim of this study was to 
investigate the impacts of one 
apparently abundant type of 
microplastics, tyre rubber, on the 
Baltic clam L. balthica in acute and 
chronic exposure scenarios. Both 
direct (ingestion, physical contact) and 
indirect (no physical contact) 
exposure pathways were examined, 
and the sublethal effects were studied, 


























3 MATERIALS AND METHODS 
 
3.1 Study area and species 
 
The Baltic Sea is the largest brackish 
body of water on Earth and often 
referred to as the most polluted sea in 
the world (HELCOM 2010a). Its 
susceptibility to various 
anthropogenic pressures stems from 
its natural features, such as 
shallowness (average depth 54 m), 
long water-residence time (approx. 30 
years) and large catchment area. More 
than 85 million people live in the 
catchment area, which is also 
characterized by intensive agriculture, 
industrial activities and traffic 
(HELCOM 2010a). Furthermore, the 
Baltic Sea is one of the most active sea 
areas for maritime traffic (Rytkönen et 
al. 2002). The unique fauna of the 
brackish Baltic Sea consists of a 
mixture of marine and freshwater 
species distributed along the 
geographical salinity gradient. Many 
of them live at the limit of their 
physiological tolerance, which makes 
them vulnerable to various 
disturbances (e.g. eutrophication, 
toxic algal blooms, hazardous 
substances, hypoxia, alien species, 
noise and marine litter) (Tedengren et 
al. 1988, Westerbom et al. 2002, 
HELCOM 2013). One of the most 
impacted areas in the Baltic Sea is the 
Gulf of Finland, which according to 
the Baltic Sea Pressure Index suffers 
especially from the input of nutrients, 
organic matter and heavy metals 
(HELCOM 2010b).  
     Since adopting the MSFD, efforts 
have been made to investigate and 
monitor the abundance, distribution 
and impacts of marine macro- and 
microlitter in the Baltic Sea. In 
general, the average concentration of 
microplastics (> 333 µm) in the water 
surface in the northern Baltic Sea is  
< 1 particle per m3, and still < 10 
particles per m3 at highest (Setälä et al. 
2016a, Gewert et al. 2017). Water 
samples taken from the water column 
have shown higher microplastic 
concentrations, with averages ranging 
from 32 (> 174 μm) to 440 (> 50 µm) 
microplastics per m3 (Zobkov et al. 
2019, Uurasjärvi et al. 2021). Similar 
to other sea areas, the highest 
concentrations of microplastics are 
found in the coastal sediments: the 
highest detected concentration was 
over 24 000 microplastics (> 25 µm) 
per kg sediment (dw), but the 
concentrations were also highly 
variable (mean: 6230 microplastics 
per kg sediment (dw)) (Tirroniemi 
2019).  
     The first indication of the exposure 
of benthic macroinvertebrates to 
microplastics in the northern Baltic 
Sea was obtained from a study that 
found microplastics in the Baltic clam 
Limecola balthica collected near 
Stockholm on the coast of Sweden 
(Bråte et al. 2020). Another field 
campaign in the Gulf of Finland 
revealed that microplastics are found 
in many benthic deposit- and 
suspension- feeding invertebrates: L. 
balthica, the polychaete 
Marenzelleria spp. and the larvae of 
Chironomus spp. (Mustonen 2020). 
These species, along with the 
amphipod Monoporeia affinis, are the 
most common species in the benthic 




(Gogina et al. 2016). They are all 
small-sized, mainly shallow-
burrowing surface deposit-feeders and 
biodiffusors, being responsible for 
many important ecosystem processes 
(Lopez & Elmgren 1989, Lin & Hines 
1994, Michaud et al. 2005, Hedman et 
al. 2008, Norkko et al. 2012, Renz & 
Forster 2013) and serving, in turn, as  
prey for various invertebrate and 
vertebrate predators (Aarnio & 
Bonsdorff 1993, Bonsdorff et al. 
1995). Especially, the Baltic clam, 
predominates in terms of biomass, 
inhabiting sediments from the shallow 
shores to 200 m in depth (Nikula et al. 
2008). The impacts of increasing 
levels of plastic pollution and potential 
combined effects with other 
anthropogenic stressors to these 
communities are hard to predict. 
 
 
3.2 Mesocosm experiments 
 
3.2.1 Preparation of plastics for the 
experiments  
 
All plastic types for the experiments 
were selected, based on their specific 
gravity (i.e. tendency to sink in the 
brackish Baltic Sea water [specific 
gravity 0.005 g/cm3; Leppäranta & 
Myrberg 2009], and ability to be 
extracted with density separation; I, II) 
and potential to be found in sediments. 
Secondary microplastics were 
produced from fishing line (I), 
children’s toy bricks (II) and car tyres 
(IV). Fishing line made of PA (Trilene 
sensation, Berkley, diameter 200 µm; 
Berkley Fishing, Spirit Lake, IA, 
USA) was cut into 50-, 150- and 300-
µm-long pieces with a McIlwain™ 
Tissue Chopper (Ted Pella Inc., 
Redding, CA, USA) (I). Each size 
class was cut from a different coloured 
line to aid their identification. Four 
colours of children’s toy bricks made 
of acrylonitrile butadiene styrene 
(ABS) were ground with a kitchen 
grater and sieved to produce two 
colours of > 500-µm fragments and 
two colours of 100–300-µm fragments 
(II). Irregular fragments (2–190 μm, 
median 22 μm) of styrene-butadiene 
rubber (SBR) were obtained from a 
recycling company that had separated 
the microrubber from recycled tyres 
by cryogenic grinding (IV). 
Mesoplastics were produced by 
cutting transparent films (Goodfellow 
Cambridge Ltd., Huntingdon, 
England) over a plotting paper into 
same-sized, but differently shaped 
pieces (1 cm2) (III). The films 
represented both conventional plastic 
types (polystyrene PS; polyamide 
PA), and bio-based, biodegradable 
plastic types (cellulose acetate CA; 
poly-L-lactic acid PLLA) with a 
similar thickness (0.06 mm for PA; 
0.05 mm for other types). 
 
 
3.2.2 Field collections  
 
Sediment and animals for experiments 
I, II and IV were collected onboard 
R/V Saduria from the vicinity of the 
Tvärminne Zoological Station (TZS; 
University of Helsinki) using a van 
Veen sediment grab and a small 
bottom trawl. Sediment and water for 
experiment III were collected as part 
of City of Helsinki’s routine 
monitoring on the coast of Helsinki 




Vanhankaupunginlahti [VKL]), using 
a GEMAX corer for the sediment and 
Ruttner-type water sampler for the 
near-bottom water.  
     The collected sediment was sieved 
through a 1-mm sieve to remove all 
the resident macrofauna (I, II, IV), and 
in some cases an additional 0.5-mm 
sieve was used (II). Macrofauna (clam 
Limecola balthica, polychaete 
Marenzelleria spp., amphipod 
Monoporeia affinis) retained on sieves 
were used in the experiments and 
transported to a temperature-
controlled room in TZS for 
acclimation in ambient seawater (for 
acclimatization periods, see Table 2). 
Sediment that passed through the sieve 
was let to settle in buckets, the cleared 
water was removed and sediment from 
different buckets homogenized before 
adding it to the experimental units. 
The sediments collected from Helsinki 
were not sieved to preserve their 
polycyclic aromatic hydrocarbon 
(PAH) concentrations, but all animals 
(L. balthica) visible in the sediment 
were removed with tweezers (III). 
 
 
3.2.3 Experimental setup   
 
Since all four experiments focused on 
resolving different questions, the 
experimental conditions varied 
considerably (see Table 2. for 
summary). The bioturbation 
experiments (I, II) were performed in 
transparent cylindrical units (height 20 
cm, Ø 14 cm). The first experiment (I), 
examining microplastic burial by the 
benthic fauna, consisted of 30 
cylinders; 15 of which contained a 
macrofaunal community (Limecola 
balthica, Marenzelleria spp., 
Monoporeia affinis) in their natural 
densities (Rousi et al. 2013), and 15 
acted as controls without animals. The 
cylinders received approximately 490 
pieces (50 μm), 880 pieces (150 μm) 
and 390 pieces (300 μm) of fishing 
line, which sank to the sediment 
surface and corresponded to a 
concentration of 1790 pieces per kg of 
dry sediment. This concentration was 
chosen according to the results of 
Vianello et al. (2013), who found up to 
2175 microplastics per kg (dw) from 
the Lagoon of Venice sediments. To 
follow the effect of time on the 
distribution of microplastics in the 
sediment, the incubations lasted 1, 2 or 
3 weeks. 
     In the second bioturbation 
experiment (II), the microplastics 
were spiked at specific depths in the 
sediment column in 16 transparent 
cylinders to follow their redistribution 
by bioturbation. Frozen sediment 
layers including microplastics were 
prepared from the same homogenous 
sediment pool that was also used to fill 
the cylinders. Two types of frozen 
sediment layers were prepared: the 
lower layer contained 150 green (> 
500 μm) and on average 161 red (100–
300 μm) microplastics,  while the 
upper layer contained 150 pink (> 
500 μm) and on average 163 yellow 
(100–300 μm) microplastics. The 
frozen sediment layers were stacked, 
alternating with the fresh sediment. 
After the sediment compacted, the 
microplastics incorporated in the 
frozen sediment layers ended up at 
depths of approximately 2 cm (pink > 
500 μm, yellow 100–300 μm) and 




300 μm). The macrofaunal community 
(Limecola balthica, Marenzelleria 
spp., Monoporeia affinis) was added 
to eight of the cylinders, while the rest 
acted as controls. 
     The third experiment (III) focused 
on comparing the PAH sorption and 
bacterial community composition on 
different plastic types. The study was 
assembled, using 12 glass cylinders 
(height 21 cm, Ø 16.5 cm). From both 
sites (WH and VKL), six cylinders 
were filled:  three with water and 400 
ml of homogenized sediment and three 
with only water (total volume of water 
2.5 l in both types of cylinders). In all, 
80 plastic pieces (20 of each polymer 
type) were added to each cylinder, 
avoiding overlap. The pieces placed 
on the sediment surface were gently 
buried a few millimetres below the 
surface, and in the water cylinders 
they were placed on the bottom.  
     The fourth experiment (IV) was a 
mesocosm study investigating the 
biomarker responses and 
ultrastructural changes of Limecola 
balthica cells following tyre rubber 
exposure. The experiment was 
conducted in six large glass aquaria 
(length: 60 cm, width: 50 cm, height: 
50 cm), and each received 35 l of 
homogenized sediment, 60 l of 
seawater and 100 clams. The 
experiment was divided into acute (5 
days) and chronic exposures (29 days), 
and both had one control aquarium, 
one leachate aquarium and one 
particle aquarium. In the leachate 
aquaria, 100 g of tyre rubber particles 
were enclosed in a 1-μm nylon mesh 
bag to simulate indirect exposure to 
tyre rubber, whereas in the particle 
aquaria the particles were let to sink 
freely onto the sediment surface. 
Similar bags without the tyre rubber 
particles were also prepared for the 
control and particle aquaria and placed 
in the middle of the aquaria in a glass 
jar (height 16 cm, Ø 14 cm). For the 
particle aquaria, 100 g of tyre rubber 
particles were premixed with 300 ml 
of seawater and 180 µl of surfactant 
(Tween20; Sigma-Aldrich, now 
MilliporeSigma [Merck KGaA, 
Darmstadt, Germany]) before adding 
them to the aquaria to prevent 
agglomeration of the particles. All 
other aquaria also received 180 µl of 
Tween20, whose concentration fell 
below the no observed effect 
concentration (NOEC; 7 µl/l) (Beiras 
et al. 2018). The various aquaria are 
referred to with the following 
abbreviations: AC = acute control, AL 
= acute leachate, AP = acute particle, 
CC = chronic control, CL = chronic 













Table 2. Summary of the experimental setups of the studies in this thesis (PA = 
polyamide, ABS = acrylonitrile butadiene styrene, PS = polystyrene, PLLA = poly-
L-lactic acid, CA = cellulose acetate, SBR = styrene-butadiene rubber, WH = West 









I II III IV
Number of treatments 6 2 2 6
Number of replicate tanks 5 8 3 1




(pieces per kg dw)
1790 1219
418 (WH),       
885 (VKL)
Plastic concentration         
(mg per kg dw)
15.4 35.7 2580 (WH),       
5480 (VKL)
5700




Plastic size 50 x 200 µm,    
150 x 200 µm, 
300 x 200 µm
100–300 µm,       
> 500 µm
1 cm2 2–190 µm
Plastic location sediment surface sediment 
column
just below the 
sediment surface
sediment surface
Density of the macrofauna 
(m2)
        Limecola balthica 1038 908 333
        Marenzelleria  spp. 519 452
        Monoporeia affinis 195 390
Sediment depth 10 cm 9.5 cm 11 cm
Grain size              
(dominant fractions)
51% fine and 
very fine sand 
(250–63 µm), 
42% silt and clay 
(< 63 µm)
74% silt and clay 
(< 63 µm),         
21% fine and 
very fine sand 
(250–63 µm)
Acclimatization period 9 weeks 4 days 4 days
Temperature in the room 10 °C 4 °C 8 °C 10 °C
Dark:light cycle 12:12 dark 14:10
Aeration overflow overflow air pump air pump
Length of the experiment 1/2/3 weeks 10 weeks 14 weeks 5 days/29 days





3.2.4 Maintenance and sampling 
during the experiments  
 
All experiments were conducted in 
temperature-controlled rooms at TZS. 
Oxygenation of the experimental units 
was organized via constant water 
circulation and overflow (I, II) or 
aeration with air pumps and syringes 
(III, IV). The escape of animals or 
microplastics from the overflow units 
was prevented, using 500-µm steel-
mesh lids above the units. Although 
the animals received some food 
through the ambient seawater dripping 
into the units (I, II), they were also fed 
once per week with live 
Nannochloropsis algal concentrate 
(PhytoMaxx, NYOS® Aquatics, 
Korntal-Münchingen, Baden-
Württemberg, Germany) (II). The 
algal concentrate was also provided 
for the clams in experiment IV after 
every water renewal, which was done 
every other day to prevent the 
accumulation of ammonia and other 
metabolites in the aquaria. 
Approximately half of the water 
volume was renewed at one time, and 
the microrubber concentration was 
maintained by filtering the exiting 
water through a 20-µm plankton net, 
which was then rinsed back into the 
aquarium (IV). 
     The water in the aquaria was 
sampled on experiment days 1, 3, 5, 17 
and 29 for elemental analysis (10 ml) 
and on days 3, 5 and 29 for the PAH 
analysis (500 ml) (IV). In addition, the 
seawater control was taken for 
elemental analysis on the same 
sampling days to monitor the 
background contamination. On day 3, 
water was sampled both before and 
after the water renewal to determine 
how much the concentrations of 
metals and PAHs became diluted. This 
sampling approach was selected to 
cover the assumed variation in metal 
and PAH concentrations: the highest 
concentration was expected on  day 3 
before the first water renewal, and the 
lowest concentrations at the end of the 
experiment (day 5 for the acute 
experiment and day 29 for the chronic 
experiment). Water taken for 
elemental analysis was fixed 
immediately with 65% nitric acid 
(Suprapur, Merck) and stored in +4 °C 
until analysis. Water sampled for PAH 
analysis was stored in coolers and 
transported immediately to analysis. 
     During the experiments, the 
temperature and dissolved oxygen 
were  determined weekly (I, II, III) or 
every other day from the units (IV) 
(YSI Environmental ProODO™; YSI 
Inc., Yellow Springs, OH, USA, now 
Xylem Inc., Rye Brook,  NY, USA). 
In addition, the pH was determined 




3.2.5 Ending the experiments  
 
In the bioturbation experiments, the 
experimental cylinders had movable 
bottoms that allowed cutting 
horizontal slices of the sediment, using 
a HAPS corer sample-ejection 
aggregate equipped with a cutting 
plate on top (I, II). The sediment 
column was sliced into six 1.7-cm-
thick slices (I), or five layers with 
varying thicknesses; from top to 
bottom, the thicknesses of the layers 




sediment slices, still containing the 
benthic invertebrates, were frozen at  
-20 °C. 
     For the bacterial community 
analysis, 0.5 l of water was taken from 
each unit and filtered on a 0.2-µm 
sterile mixed-cellulose ester filter 
(III). The sediment community was 
sampled by pipetting the surficial 
sediment. The incubated mesoplastics 
were retrieved by pouring the contents 
of the units through a metal sieve with 
a mesh size of 4 mm. Ten plastic 
pieces of each type were collected in 
glass vials and stored at -20 °C for 
further PAH analysis, and the 
remaining mesoplastics were stored in 
plastic tubes for bacterial community 
analysis. 
     At the end of experiment IV, the 
clams were picked out from the 
sediment and their mortality was 
recorded. All live clams from each 
aquarium were randomized into 
groups as follows: 3 clams for the cell 
ultrastructure analyses, 40 clams for 
biomarker analyses, 25 clams for the 
burrowing experiment (of which 15 
were used later to calculate their 
condition index (CI) and to determine 
their metal concentration), and all the 




3.3 Laboratory processes 
 
3.3.1 Extracting microplastics from 
the sediments  
 
Extracting the microplastics from the 
sediments (I, II) was done, using 
density separation (Thompson et al. 
2004, Hidalgo-Ruz et al. 2012). This 
method is based on the density 
differences of the sediment grains and 
plastics; denser sediment grains 
(density 2.65 g/cm3) will readily sink 
in the solution, whereas the lighter 
plastics would float. Prior to density 
separation, the sediments used in the 
experiments were mixed with solid 
NaCl crystals for 20 min to 
compensate for the dilution caused by 
the wet sediment sample. Saturated 
NaCl (density: 1.2 g/cm3) was then 
added and the sample was stirred for 1 
min and let to settle for 8 min. The 
supernatant was led to the 100-µm 
nylon mesh filter, and the mixing with 
NaCl was repeated twice. To quantify 
the numbers of extracted 
microplastics, the filters were 
examined with a stereomicroscope 




3.3.2 Quantifying microplastic 
ingestion  
 
The benthic invertebrates used in the 
experiments were retrieved from the 
frozen sediment samples before 
density separation (I, II). The animals 
were carefully rinsed prior to analysis 
to remove microplastics attached to 
their surfaces. To examine the 
ingested nylon pieces, the animals 
were dissected (I). Marenzelleria spp., 
Monoporeia affinis and the gills of 
Limecola balthica were placed on an 
object glass, and the body of L. 
balthica was placed on an Utermöhl 
base plate for examination with an 
epifluorescence microscope (Leica 
DMI 3000 B, Leica I3 filter cube, 




experiment II, an enzymatic digestion 
protocol developed by Railo et al. 
(2018) was applied to disintegrate the 
animal tissues. The animals were 
incubated 48 h at 37.5 °C in a solution 
consisting of 50% sodium dodecyl 
sulphate (SDS) (5 g/l, Sigma-Aldrich), 
25% of Biozym F and 25% of Biozym 
SE (Spinnrad GmbH, Bad Segeberg, 
Germany). The disintegrated samples 
were filtered through 100-µm nylon 
mesh filters and the ingested ABS 
fragments were quantified, using a 
Leica MZ 7.5 stereomicroscope 
(magnification 0.63–5.0 ×) (Leica 
Camera AG, Wetzlar, Germany). 
 
 
3.3.3 Sediment characterization 
 
Sediment grain-size analysis was done 
in the sediments used in the 
bioturbation experiments (I, II). Wet 
sediment samples were covered with 
6% H2O2 for 48 h and stirred two times 
per day to digest the organic material. 
The samples were sieved with water 
through a stack of sieves having mesh 
sizes of 500, 250 and 63 µm, and each 
size fraction was separately dried in 
preweighed containers at 60 °C. The 
water and the < 63-µm size fraction 
was let to settle for 2–3 days, after 
which the water was carefully 
removed and the remaining sediment 
dried at 60 °C in a preweighed 
container and weighed when dry 
(Sartorius LG620 Masterpro; 
Sartorius AG, Göttingen, Germany). 
 
 
3.3.4 PAH analyses  
 
The PAH analyses (III, IV) were 
performed by two laboratories: the 
Laboratory Centre of the Finnish 
Environment Institute SYKE and 
Metropolilab Oy Ab, both of which 
are accredited by the Finnish 
Accreditation Service (FINAS). In 
total, 26 PAH congeners were 
analysed from four matrices: plastics 
and sediment (III) and seawater and 
clam tissues (IV) (Table 3). 
     Plastic pieces of the same polymer 
type in each experimental cylinder 
were pooled into one sample (III). 
This resulted in three replicates of 
each plastic type (PS, PA, PLLA, CA) 
incubated in the sediment and three 
replicates incubated in water at both 
sites (WH and VKL). The PAHs were 
identified and quantified by gas 
chromatography –tandem mass 
spectrometry (GC-MS/MS) (Trace 
1310 GC Ultra gas chromatograph 
[Thermo Fisher Scientific, San Jose, 
CA, USA]; TSQ Quantum XLS ultra 
mass spectrometer [Thermo Fisher 
Scientific]; TriPlus RSH autosampler 
[Thermo Fisher Scientific, Rodano, 
Milan, Italy]).  
     One pooled sediment sample from 
each site (WH and VKL) was used for 
analysis (III). The PAHs were 
extracted and analysed according to 
SFS-ISO 18287:2007, using gas 
chromatography–mass spectrometry 
(GC-MS) (Agilent 6890 GC [Agilent 
Technologies, Beijing, China] - 
5973N MSD [Agilent Technologies, 
Santa Clara, CA, USA]). The PAH 
concentrations were normalized, using 
a Dutch standard of 10% organic 





Table 3. Polycyclic aromatic hydrocarbon (PAH) congeners analysed from different 
sample matrices in experiments III and IV. The PAHs from plastics and clam tissues 
were analysed by SYKE’s Laboratory Centre, whereas the PAHs from sediment and 





     The PAHs from the water samples 
(IV) were analysed according to 
ISO/TS 28581:2012, 2012, using GC-
MS: 7890A GC (Agilent 
Technologies USA) - 7000B Triple 
Quadrupole (Agilent Technologies 
USA); analytical column Agilent 
HP5-MSUI (30 m x 0.25 mm x 0.25 
um). 
     In all, 27–31 clams from 
experiment IV were pooled to form 
two or three replicates from each 
aquarium to ensure adequate biomass 
for the analysis (two replicates from 
treatments CC, CL, CP; three 
replicates from treatments AC, AL, 
AP). The samples were stored  at -20 
°C until analysis, then  homogenized, 
using an IKA Ultra-turrax 
homogenizer T18 (Staufen, 
Germany), and the chemical analysis 
was performed using a  GC–MS/MS; 
Thermo Scientific Trace 1310 GC 
system [Milan, Italy] coupled to a 
PAH Abbreviation plastic sediment clam tissues water
Napthalene NP x x x x
2-Methylnapthalene 2-MNP x x x x
1-Methylnapthalene 1-MNP x x x x
Biphenyl BP x x
2,6-Dimetylnapthalene 2,6-DMN x x
Acenapthylene ACY x x x x
Acenapthene ACE x x x x
2,3,5-Trimetylnapthalene 2,3,5-TMN x x
Fluorene FLU x x x x
Dibenzothiophene DBD x
Phenanthrene PHE x x x x
Anthracene ANT x x x x
1-Metylphenanthrene 1-MPH x x
Fluoranthene FLA x x x x
Pyrene PYR x x x x
Benzo[a]anthracene BaA x x x x
Chrysene CHR x x x x
Triphenylene TRI x x
Benzo[b]fluoranthene BbF x x x x
Benzo[k]fluoranthene BkF x x x x
Benzo[e]pyrene BeP x x x x
Benzo[a]pyrene BaP x x x x
Perylene PER x x x x
Indeno[1,2,3-cd]pyrene IcdP x x x x
Dibenzo[a,h]anthracene DahA x x x x
Benzo[ghi]perylene BghiP x x x x




Thermo Scientific TSQ Ultra mass 
spectrometer [San Jose, CA, USA]. 
The PAHs were extracted and 
analysed from the water samples 
according to ISO/TS 28581:2012, 
2012, using  GC-MS: 7890A GC 
(Agilent Technologies USA) - 7000B 
Triple Quadrupole (Agilent 
Technologies USA); analytical 
column Agilent HP5-MSUI (30 m x 
0.25 mm x 0.25 µm). 
 
 
3.3.5 Elemental analyses  
 
The concentrations of trace metals and 
other elements from the experiment 
water (IV) were determined with 
inductively coupled plasma-mass 
spectrometry (ICP-MS; NeXION 
350D instrument [PerkinElmer Inc. 
Waltham, MA, USA] equipped with 
an ESI PrepFAST autosampler 
[Elemental Scientific Inc., Omaha, 
NE, USA]). The data were processed, 
using PerkinElmer Syngistix Data-
Analysis Software™. The 
concentrations of S, Cl and Br were 
measured by total-reflection X-ray 
fluorescence spectrometry (TXRF; S2 
Picofox TXRF instrument [Bruker 
Corp., Karlsruhe, Germany] with 
Spectra software for data analysis). 
     The freeze-dried clams used in 
determining the CI were divided into 
two replicates from each treatment, 
from which the following trace metals 
were analysed: As, Cd, Co, Cr, Cu, Fe, 
Ni, Pb, SE, U and Zn. The samples 
were acid-digested with 30% H2O2 in 
a single reaction chamber microwave 
digestion unit (Ultrawave, Milestone 
S.r.l., Sorisole, Italy). Prior to 
elemental analysis, the samples were 
diluted with deionized water. 
Elemental analysis utilized Sc, Ga, Rh 
and Ir as internal standards and was 
performed using ICP-MS (Thermo 
iCAP Q, Thermo Fisher Scientific, 
Bremen, Germany).  
 
 
3.3.6 Bacterial community analyses  
 
The bacterial community composition 
from plastics, water and sediment was 
analysed, based on 16S ribosomal 
RNA gene region V3-V4 (III). To 
monitor possible contamination, 
negative controls without samples 
were also extracted. After DNA 
extraction, this region was amplified 
with a two-step polymerase chain 
reaction (PCR), and Illumina MiSeq 
(Illumina Inc, San Diego, CA, USA) 
was used for paired-end multiplex 
sequencing at the Institute of 
Biotechnology, University of Helsinki 
(Aho et al. 2019). The primers were 
removed from the raw reads (Martin 
2011), and the reads were merged and 
processed according to the DADA2 
pipeline (Callahan et al. 2016). A total 
of 4.2 million nonchimeric sequences 
were used for further analyses, and 
taxonomic classification of the 
amplicon sequence variants (ASVs) 
was done (Quast et al. 2013, Callahan 
2018). Before performing statistical 
analyses, the chloroplast and 
mitochondrial sequences were 







3.3.7 Cell ultrastructure analyses 
 
For the cell ultrastructure analyses 
(IV), the gills, foot muscle and 
digestive gland (DG) were detached 
from three clams from each aquarium. 
Small (1×1 mm) pieces of tissues were 
cut inside fixative droplets (3% 
glutaraldehyde in 0.1 M sodium 
cacodylate buffer) and stored in the 
same fixative at 4 °C. The samples 
were then postfixated and embedded 
in epoxy resin. Initially, 1-µm-thin 
sections were cut with an 
ultramicrotome and stained with 1% 
toluidine blue before examination 
with light microscopy (Zeiss 
AxioImager M2, Carl Zeiss 
Microscopy GmbH, Jena, Germany). 
For electron microscopy analysis, 
representative sites were chosen with 
light microscopy: ultrathin sections 
were cut with an ultramicrotome, 
stained and then inspected as a blinded 
examination at a voltage of 200 kV 
with a JEOL JEM-2100F transmission 
electron microscope (Jeol Ltd, Tokyo, 
Japan) equipped with a digital camera 
(Olympus-SIS; Olympus Corp., 
Münster, Germany).  
 
 
3.3.8 Biomarkers  
 
In all, 40 clams were dissected to 
retain their gills, foot and DG for the 
biomarker analysis (IV). The gills and 
foot from two individuals were pooled 
together to obtain adequate mass for 
the analysis, whereas the DGs were 
stored individually. The foot and DG 
samples were frozen in liquid nitrogen 
and stored at -80 °C, and the gills were 
tapped for 1 min with a mixture of 
acetic acid and ethanol (1:3) on an 
object glass to detach cells from the 
gill tissue. The detached cells were 
fixed to the glass with methanol and 
stored at room temperature for further 
analyses. 
     A set of nine biochemical 
biomarkers was analysed, following 
previously validated and published 
methods (Table 4). DG samples of 20 
clams from each treatment were used 
to measure the CAT, glutathione-S-
transferase (GST), GR, GPx and SOD 
activities. Another 20 individuals were 
used to measure the level of LPO, the 
ratio of reduced to oxidized 
glutathione (GSH/GSSG) and the 
oxygen-radical antioxidant capacity 
(ORAC) from their DGs. For AChE, 
20 foot samples (pooled from two 
individuals) were used. All tissues 
were individually homogenized with 
assay-specific instructions, and the 
supernatants were stored at −80°C. 
The CAT, GST, GR, GPx, SOD and 
AChE activities as well as the 
homogenate protein concentrations 
and LPO were measured in 96-well 
half-area plates, using a microplate 
reader (Infinite 200, TECAN; Tecan 
Co., Tokyo, Japan) and analysed with 
Magellan software (TECAN). The 
reaction rate was evaluated according 
to the best linearity range of the 
curves. The protein concentrations of 
the samples were determined, using 
the Bradford (1976) method and a 
bovine serum albumin standard, and 
utilized to adjust the enzyme activities. 
The ORAC and GSH/GSSG ratio 
were measured in 384-well plates with 




All samples were measured in 
triplicate or quadruplicate.  
     The geno- and cytotoxicity 
parameters were analysed from the gill 
samples, following the methods 
described in Baršienė et al. (2006, 
2004), using bright-field Olympus 
BX51 microscopes (Tokyo, Japan) 
with an immersion objective (1000×). 
From each clam, 2000 cells with intact 
cellular and nuclear membranes were 
evaluated, using blind scoring. The 
results were expressed as the mean 
value (‰) of the sums of the analysed 
individual lesions scored in 1000 cells 
per individual sampled from every 
treatment. Induction of micronuclei 
(MN), nuclear buds on filament (NBf), 
nuclear buds (NB), blebbed nuclei 
(BL) and binucleated cells with 
nucleoplasmic bridges (BNb) were 
assessed as genotoxicity endpoints, 
and induction of fragmented apoptotic 
(FA), binucleated (BN), and 8-shaped 
nuclei cells as cytotoxicity endpoints. 
The total genotoxicity (MN + NBf + 
NB + BL + BNb), and total 
cytotoxicity (8-shaped nuclei + BN) 
endpoints were summed to express the 
total cytogenetic damage. Nuclear 
abnormalities were identified, using 
predefined criteria (Heddle et al. 1991, 
Fenech et al. 2003, Baršienė et al. 
2014). 
     The CI was calculated from 15 
individuals from each treatment 
according to Bonsdorff and Wenne 
(1989). The clams were removed from 
their shells, rinsed carefully with clean 
seawater, freeze-dried 24 h at −60 °C 
and in 10-1 atm (SuperModulyo freeze 
dryer, Thermo Electron Corporation, 
Waltham, MA, USA), and weighed 
(Mettler AT250; Mettler Toledo, 
Columbus, OH, USA). The shells 












Table 4. Summary of the methods used in this thesis. The methods are described in 
detail in papers I−IV (PAHs = polycyclic aromatic hydrocarbons, AChE = 
acetylcholinesterase, CAT = catalase, GPx = glutathione peroxidase, GR = 
glutathione reductase, SOD = superoxide dismutase, ORAC = oxygen-radical 
antioxidant capacity, GSH/GSSG = glutathione/glutathione disulphide ratio, GST = 
glutathione-S-transferase, LPO = lipid peroxidase, CI = condition index, FA = 
fragmented apoptotic cells, BN = bi-nucleated cells, MN = micronuclei, NBf = 
nuclear buds on filament, NB = nuclear buds, BL = blebbed nuclei, BNb = bi-










Optical-based sensor (YSI Environmental 
ProODO™)
I, II, III, IV
variables pH PMU 6100 Multiparameter IV
NH4-4 Manual spectrometric method ISO 7150/1-1984 IV
PAHs Gas chromatography–mass spectrometry, gas 
chromatography–tandem mass spectrometry
SFS-ISO 18287: 2007    
ISO/TS 28581:2012
III, IV
Trace elements Inductively coupled plasma mass-
spectrometry, X-ray fluorescence 
spectrometry
IV
Sediment grain size Determining size fractions by wet sieving Blott and Pye 2001; 
Joensuu et al. 2018
I, II
Number of microplastics 
extracted from 
sediments
Density separation, stereomicroscopy Thompson et al.  2004 I, II
Bacteria Bacterial community 
composition
DNA extraction (DNeasy Power Soil kit 
(Qiagen)), Sequencing (PCR, Illumina MiSeq), 
Bioinformatics (primer removal, read 




2011, Quast et al. 
2013, Callahan et al. 
2016
III
Demography Mortality rate Number of dead clams at the end of the 
experiment
IV
Number of ingested 
microplastics
Disintegration of animal tissues, 
epifluorescence microscopy, 
stereomicroscopy
Railo et al. 2018 I, II
Cell        
ultrastructure
Changes in cell 
ultrastructure
Transmission electron microscope Korkalainen et al. 2017 IV
Biomarkers AChE Hydrolysis rate of acetylcholine Bocquené and Galgani 
1998
IV
CAT Degradation rate of hydrogen peroxide 
(H2O2)
Claiborne 1985, Vuori 
et al. 2015
IV
GPx Decrease in NADPH absorbance during the 
oxidation of GSH to GSSG
Vuori et al. 2015 IV
GR Consumption rate of NADPH in the reduction 
of GSSG to GSH
Vuori et al. 2015 IV
SOD Inhibition rate of cytochrome C reduction 
(Merck 19160)
Kit spesific instructions IV
ORAC OxiSelect Oxygen Radical Antioxidant 
Capacity Activity Assay (Cell Biolabs STA-345)
Kit spesific instructions IV
GSH/GSSG Arbor Assays Detect X Glutathione 
Fluorescent Detection Kit, Catalog No K006-
F5
Kit spesific instructions IV
GST Formation rate of the GSH conjugated 
substrate
Habig et al. 1974 IV
LPO Amount of thiobarbituric acid reactive 
substances (TBARS)
Ohkawa et al. 1979 IV
Genotoxicity Induction of FA, BN and 8-shaped nuclei cells Baršienė et al. 2004; 
2006
IV
Cytotoxicity Induction of MN, NBf, NB, BL and BNb Baršienė et al. 2006 IV
CI Tissue dry weight (mg)/shell length³ × 
100 (mm)
Bonsdorff and Wenne 
1989
IV
Burrowing rate Number burrowed clams at certain time 
points
Sokolowski et al. 1999 *
* Side experiment, not included in the paper IV. Shortly: 25 individuals from each aquarium were randomly selected and 
placed in separate aquaria filled with clean sediment and fresh seawater (8.7–8.8 °C, dissolved oxygen 11.2–11.4 mg/L, and 




3.4 Data handling and statistical 
analyses  
 
Statistical analyses were carried out, 
using SPSS (version 23) (I, II) or R (v. 
4.0.3; R Core Team 2020), 
supplemented with the following 
packages: car (v3.0-8; Fox  & 
Weisberg 2019), PMCMRplus (v. 
1.6.1; Pohlert 2020), and DESeq2 (v. 
1.28.1; Love et al. 2014) (III, IV). A 
significance level of 0.05 was used in 
all analyses. 
     In the bioturbation experiments (I, 
II) the variously sized microplastics 
showed varying recovery rates. 
Therefore, instead of actual numbers, 
the percentages of microplastics found 
in different sediment layers were 
compared between treatments. An 
arcsine transformation was made to 
the total numbers of retrieved 
microplastics to ensure normality of 
the residuals, followed by one-way 
analysis of variance (one-way 
ANOVA) (I). The nonparametric 
Kruskal-Wallis test for independent 
samples and Mann-Whitney U test 
were used if the normality was not 
achieved by transformations, and were 
used to examine the number of 
ingested microplastics and the 
distribution of variously sized 
microplastics in different sediment 
layers (I). In the second bioturbation 
experiment, a nonparametric Mann-
Whitney U test for independent 
samples was applied to compare the 
percentages of extracted microplastics 
per layer with the animal and control 
cylinders (II).  
     For PAH concentrations falling 
below the limit of quantification 
(LOQ), the concentrations were 
assumed to be at the LOQ; thus, the 
used values represent maximum 
estimates of concentrations (III, IV). 
To compare the PAH concentrations 
of different plastic types (III) and to 
test for differences in biomarker 
responses between treatments (IV), 
one-way ANOVA with Tukey’s test 
was used. Differences between 
matrices (sediment/water) were 
explored with the t-test for 
independent samples (III). The 
homogeneity of variances was 
verified, using Levene’s test, and 
normality was confirmed, using the 
Shapiro-Wilk test. The Welch 
ANOVA with Games-Howell post 
hoc test was used if the assumptions of 
equal variances were not fulfilled, and 
deviations from normality were 
resolved, using log10 transformation. 
The Kruskal-Wallis test followed by 
Dunn's test with Bonferroni 
adjustment (III) or the pairwise 
Wilcoxon rank-sum test with BH 
adjustment (IV), or the Mann-Whitney 
U test was used when normality issues 
could not be corrected (III, IV). The 
DESeq2 package with default 
parameters was used to analyse the 
differential abundant taxa between 
bacterial communities on PA and CA 
(III).  
     In addition to data presented in 
articles I−IV, supplementary 
calculations for this thesis were done 
from the previously unpublished data 
of the first experiment to inspect the 
number of ingested microplastics by 
the clams retrieved from different 
sediment layers (I), and from a small 
burrowing experiment conducted 
adjacent to experiment IV. Figures 3 
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4 RESULTS AND DISCUSSION 
 
4.1 Overview of the results  
 
Here, we investigated the interactions 
between plastics, benthic communities 
and harmful substances in northern 
Baltic Sea sediments. The studies 
included in this thesis examined some 
of the important processes impacting 
the fate of plastic litter on the seafloor, 
such as bioturbation, bacterial 
colonization and sorption of HOCs, 
and explored the potential impacts of 
microplastics on benthic communities. 
The results yielded novel information 
on the importance of bioturbation in 
distributing microplastics vertically in 
soft sediments (I, II) and the differing 
colonization of biodegradable and 
conventional plastics by bacterial 
communities (III).  The results further 
demonstrate that the risks of 
microplastics for the common benthic 
fauna of the northern Baltic Sea are 
likely to depend on the size (I, II) and 
polymer type (III, IV) of the particles, 
as well as their residence depth in the 
sediment (I, II). The presence of 
harmful chemicals in plastics was 
verified (III, IV), and exposure to tyre 
rubber caused oxidative stress and 
intracellular damage in Limecola 
balthica (IV). In the following 
chapters, these results and 




4.2 The availability of microplastics 
to the benthic fauna is dependent 
on microplastic size and location in 
the sediment  
 
4.2.1 Microplastic concentration and 
size affect their probability of 
becoming ingested  
 
The microplastics were ingested in the 
experiments only by Limecola 
balthica (I, II).  In examining the size 
distribution of the ingested 
microplastics, the clams seemed not to 
prefer certain size classes over others 
(I): in total, 12 pieces of the smallest 
(50 × 200 µm), 25 pieces of the 
medium-sized (150 × 200 µm) and 24 
pieces of the largest (300 × 200 µm) 
microplastics were ingested. While the 
smallest microplastics were less 
abundant in clams than the larger 
plastics, the numbers of all variously 
sized ingested microplastics were 
relative to their numbers extracted 
from sediments. Since L. balthica is 
known to be a nonselective feeder 
(Self & Jumars 1988), the 
disproportion of the sizes of the 
ingested particles may be an artefact 
from difficulties in detecting the 
small-sized, translucent particles by 
visual inspection in the clam and 
sediment samples. This observation on 
the relative abundances of ingested 
and available microplastics is in 
accordance with the laboratory study 
showing that the number of ingested 
microplastics by L. balthica is related 
to the available concentration (Setälä 
et al. 2016b). The microplastic 
concentration in the surrounding 
sediment also positively correlated 




the gut contents of another deposit-
feeder, the lugworm Arenicola 
marina, that was exposed to PS 
spheres in a laboratory (Besseling et 
al. 2013).  
     The sizes of the ingested 
microplastics were all below 300 µm 
(I, II), corresponding to the 
dimensions of natural particles 
ingested by the Baltic clams (Gilbert 
1977).  In the environment, the mean 
(± SD) size of the ingested 
microplastics by L. balthica was found 
to be 109 ± 110 µm (Mustonen 2020). 
Since the numbers of the ingested 
microplastics did not increase with the 
experimental time (I; Table 5), it can 
be concluded that they seem not to 
accumulate inside the clams, but rather 
are egested among other nondigestible 
material. Since the Baltic clams are 
facultative deposit-feeders, they are 
most likely accustomed to handling 
foreign undigestible particles in their 
digestive tracts. The same likely 
applies to other deposit-feeding 
animals as well: for example, 
Besseling et al. (2013) demonstrated 
that the microplastics ingested by 
Arenicola marina were not 
accumulated in their guts, but rather 
were egested. However, in these 
studies quite compact particles were 
examined, and fibrous material may 
possibly have caused further 
difficulty, as shown by Murray and 
Cowie (2011). 
     The two other species examined, 
Monoporeia affinis and Marenzelleria 
spp., did not ingest any microplastics 
(I, II), because the spiked 
microplastics were likely too large for 
them. The maximum prey size for M. 
affinis is approximately 60 µm (Ankar 
1977), whereas Marenzelleria spp. are 
known to ingest particles as large as 
250 µm (Bock & Miller 1999). Even 
the smaller particles may have been 
outside the size range available for 
ingestion,  since the Marenzelleria 
spp. individuals used in the study were 
smaller than in the study by Bock and 
Miller (1999), and in the field the 
mean (± SD) size of the ingested 
microplastics by Marenzelleria spp. in 
the northern Baltic Sea was only 72 ± 
40 µm (Mustonen 2020). In addition, 
Marenzelleria spp.  prefer smaller 
particles over larger ones (Bock & 
Miller 1999), and since most of the 
sediment consisted of silt and clay and 
was thus smaller than the offered 
microplastics, the polychaetes may 
have selected sediment particles 
instead of microplastics. In a previous 
study, the Marenzelleria spp. 
collected from the same area as in this 
study readily ingested PS beads of 10 




4.2.2 Location and feeding types of 
the species  
 
The Baltic clam Limecola balthica, 
polychaete Marenzelleria spp. and the 
amphipod Monoporeia affinis are all 
small, relatively shallow-burrowing 
species, although the burrows of 
Marenzelleria spp. can reach to a 
depth of 30 cm (Hedman et al. 2008, 
Norkko et al. 2012). In both 
bioturbation experiments (I, II), their 
distribution throughout the sediment 
cores followed their species-specific 
preferences; M. affinis individuals 




balthica resided mainly in the 
uppermost 3−4 cm of the sediment and 
Marenzelleria spp. preferred the 
deeper layers (Fig. 3).  
     The distribution of the study 
species relatively near the sediment 
surface corresponds to their feeding 
types, since they are all classified 
primarily as surface deposit-feeders 
(Lopez & Elmgren 1989, Lin & Hines 
1994, Hedman 2008). Limecola 
balthica is a facultative deposit- and 
suspension-feeder that vacuums 
material from the sediment surface or 
filters the overlying water with its 
incurrent siphon (Lin & Hines 1994). 
When microplastics were initially 
distributed on the sediment surface, 
25% of the clams ingested them (I). 
The mean (± SD) number of ingested 
microplastics was 1.22 ± 1.06 per 
clam, but the individual microplastic 
load was highly variable, since the 
highest observed concentration in one 
clam was 15 microplastics. The size of 
the clam did not explain the 
differences in numbers of ingested 
microplastics (p > 0.05).  The variable 
numbers likely resulted at least partly 
from the patchy distribution of 
microplastics in the experimental 
cylinders, since in the water they were 
forming aggregates before settling to 
the sediment surface. 
     When the microplastics were 
spiked into deeper layers of the 
sediment, only 1% of the clams 
ingested them (II). Ingestion was 
verified for only one individual out of
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Figure 3. Vertical distributions of all study animals found in the sediment cores at 





112 inspected clams; the clam was 
found from the depth of 1−3 cm in the 
sediment, and the microplastic that 
was ingested was initially placed at 2 
cm. 
     Since L. balthica feeds at the 
surface, its exposure to buried 
microplastics when feeding seems 
negligible. The results from these 
studies (I, II) together indicate that the 
bioavailability of microplastics to L. 
balthica decreases rapidly as the 
microplastics are buried in the 
sediment. This is also supported by the 
data of microplastic ingestion by 
clams at different time points (I).  Out 
of a total of 61 ingested particles, 39 
were found in clams after the first 
week, resulting in an average of 1.90 ± 
1.16 pieces per individual, 9 after the 
second week (0.45 ± 0.25 pieces per 
individual) and 13 after the third week 
(1.30 ± 1.27 pieces per individual). 
Although these differences were not 
significant (p > 0.05), they potentially 
also suggest that the burial of particles 
during the experiment made them less 
available to the clams. 
     Additional calculations from the 
data (I) revealed that the clams 
occupying the uppermost sediment 
layer (0–1.7 cm) had on average 
ingested twice as many microplastics 
as clams residing in the second layer 
(1.7–3.4 cm) (Table 5). While it is 
expected that all clams fed at the 
sediment surface, those residing at 
shallower depths can cover a larger 
surface area with their siphons (Zwarts 
et al. 1994), and hence potentially 
collect a higher number of 
microplastics. It has been shown that 
scarcity of suspended food 
particulates pressures L. balthica to 
move closer to the sediment surface to 
enable it to change from suspension-
feeding to deposit-feeding, and to 
enlarge the feeding area (Lin & Hines 
1994). Similarly, L. balthica also 
decreases its burial depth in response 
to hypoxic conditions (Tallqvist 2001, 
Long et al. 2008, Villnäs et al. 2019), 
making it at the same time more 
vulnerable to lethal predation and 
nonlethal siphon cropping by 
epibenthic predators (Lin & Hines 
1994). This behavioural response to 
unfavourable environmental 
conditions may render clams not only 




Table 5.  Numbers of microplastics ingested by Limecola balthica residing in 
different depth layers (I). 
 
 
1st week 2nd week 3rd week total
1st layer  (0-1.7 cm)
total number of ingested microplastics 27 7 13 47
microplastics/clam 1.8 0.4 0.8 3.0
number of inspected clams 15 19 16 50
2nd layer (1.7-3.4 cm)
total number of ingested microplastics 12 2 0 14
microplastics/clam 1.2 0.3 0 1.5




4.3 Role of bioturbation in 
distributing microplastics in 
sediments  
 
4.3.1 Bioturbation buries 
microplastics  
 
Microplastics that were initially 
placed at the sediment surface were 
distributed throughout the sediment 
cores in both control cylinders and 
animal-containing aquaria and 
presented a clear vertical gradient in 
their distribution (I). Over 90% of 
microplastics were located in the top 
layer of the sediment core (depth 0–
1.7 cm), and their abundance 
decreased gradually towards the 
deeper parts of the core. Differences 
between the control and animal 
cylinders were observed in the 
uppermost 5 cm of the sediment 
(layers 1–3). The animals significantly 
decreased the abundance of 
microplastics in the topmost layer 
(depth 0–1.7 cm). The animal 
cylinders contained fewer 
microplastics (92.0 ± 2.7%)  than did 
the control cylinders (96.5 ± 1.2%) (p 
= 0.000), whereas the microplastics 
were more abundant in the animal 
cylinders in the second (depth 1.7–3.4 
cm) and third layers (depth 3.4–5.1 
cm) than in the control aquaria (2nd 
layer p = 0.000; 3rd layer p = 0.010).  
     These results demonstrate that 
bioturbation by the common benthic 
invertebrates of the northern Baltic 
Sea buries microplastics up to depths 
of 5 cm in the sediment, with mixing 
being most prominent near the surface 
(I). This observation corresponds to 
estimations that the depth of the 
bioturbated layer in the Baltic Sea is 
typically less than 5 cm (Hedman 
2008). However, throughout the entire 
temperate North Atlantic realm, the 
Baltic Sea has the lowest recorded 
mean (± SD) sediment-mixing depth 
(0.9 ± 0.7 cm) (reviewed by Teal et al. 
2008). Hence, while the burial of 
microplastics by bioturbation is 
verified, the results of this study are 
not directly applicable to other sea 
areas.  Since the worldwide mean (± 
SD) of the mixed-layer depth is 
estimated to be 5.75 ± 5.67 cm (Teal 
et al. 2008), it can be expected that 
globally the burial depth of 
microplastics is likely to exceed the 
depths observed in this study (I). The 
sediment-reworking activities, and 
thus the extent to which the benthic 
fauna transports particles, is affected 
by the environmental conditions (e.g. 
dissolved oxygen, temperature, food 
availability) and the ecology of the 
local community (e.g. density, 
functional traits of the species), which 
vary geographically (Kearns et al. 
1996). 
     Microplastics were also found 
below 5.1 cm (layers 4–6) in the 
sediment, but their distribution was 
similar in all treatments (p > 0.05). 
The small numbers of various tracer 
particles found in the deeper layers of 
the control cores are commonly 
observed in bioturbation studies and  
may stem from meiofaunal activities, 
pore-water movement resulting from 
sediment compaction or sediment 
smearing upon slicing (e.g. Gebhardt  
& Forster 2018; Josefsson 2011; 
Quintana et al. 2007). In the 
environmental samples collected from 
the deep-sea sediments of the Rockall 




Jones et al. (2020) found microplastics 
in sediment layers dated far beyond 
the plastic era. A positive relationship 
between sediment porosity and 
microplastic abundance in the 
sediment layers was found, suggesting 
that pore-water burial may also play a 
role in the transport of microplastics 
(Courtene-Jones et al. 2020). 
 
 
4.3.2 Bioturbation rarely 
redistributes microplastics back to 
the sediment surface  
 
While our results (I) together with 
other studies on bioturbation-induced 
burial of microplastics in the 
sediments (Gebhardt & Forster 2018, 
Coppock et al. 2021) support the 
hypothesis of seafloors being the sink 
for microplastics (Woodall et al. 
2014), the stability of these reservoirs 
remains unknown. Despite burying, 
benthic invertebrates can transport 
particles to other directions as well 
(Wheatcroft et al. 1990), and thus in 
some cases, bioturbation may also 
promote the return of buried 
microplastics closer to the sediment-
water interface, further facilitating 
their resuspension into the water 
column. However, only a few 
microplastics placed at deeper layers 
in the sediment were distributed to the 
sediment surface, following a 10-week 
experiment (II). When all the 
microplastics were examined  and 
compared, significantly more  (mean ± 
SD) were found  in the surface layer 
(0−1 cm) of the animal cylinders 
(1.0 ± 1.0%)  than in the control 
cylinders (0.2 ± 0.5%) (p = 0.028), 
indicating that the animal activities 
had enhanced their redistribution. The 
particles found in this layer were 
mainly those that were placed a short 
distance away from the surface. On 
average, 2.1 ± 2.5% of the 
microplastics initially placed at the 2-
cm depth were found in the surface 
layer of the animal cylinders, whereas 
in the control cylinders only 
0.5 ± 1.1% of the microplastics ended 
up in this layer. In contrast, 
microplastics placed at 5-cm depths 
were completely absent from the 
surface layer in the control cylinder 
and only one microplastic from this 
layer was found at the surface of the 
animal cylinder. 
     Our results (II) show that the 
benthic invertebrate community can 
facilitate the transport of buried 
microplastics to the sediment surface; 
however, this transport seems to be 
negligible and mainly applies to 
particles that are already close to the 
sediment surface (depth of 2 cm). 
Although the experiments were not 
designed to assess the transfer fluxes 
of microplastics in the sediments, our 
results broadly suggest that the net 
transfer of particles in the northern 
Baltic Sea is towards the deeper 
sediment layers (I, II). Once 
microplastics are buried below the 
sediment surface, they tend to stay 
there, at least when the seafloor 
communities are dominated by 
Limecola balthica, increasing the 
residence time of microplastics and 
reducing their bioavailability to 
species feeding on the sediment 
surface. Similar to our results, slight 
upward transport of microplastics in 
the uppermost 1 cm of the sediment 




freshwater oligochaete tubificid 
worms redistributing PS beads (Ø 
100 μm) during a 2-month experiment 
(Kearns et al. 1996). Also, the 
polychaete worms Cistenides gouldii 
(now Pectinaria gouldii) and 
Clymenella torquata promoted the 
upward translocation of buried 
copepod resting eggs and plastic beads 
(Ø 80–125 μm) that were placed at a 
depth of 3–4 cm in the sediment 
(Marcus & Schmidt-Gengenbach 
1986). In this case, the upward transfer 
of microplastics from the deeper 
layers was attributed to the conveyor-
belt feeding mode of C. gouldii and C. 
torquata, highlighting the need to 
understand the role of species’ 
functional characteristics in 
explaining particle translocation 
(Marcus & Schmidt-Gengenbach 
1986). 
 
4.3.3 Influence of functional traits of 
the fauna on microplastic transport  
 
The burial of microplastics by 
bioturbation can be attributed to the 
movement of animals in the sediment 
matrix or the ingestion and subsequent 
egestion of the sediment. According to 
Jumars and Wheatcroft (1989), 
deposit-feeding is the most important 
animal activity in displacing particles. 
Although all the study animals are 
classified as surface deposit-feeders 
(Lopez & Elmgren 1989, Lin & Hines 
1994, Hedman 2008), the 
microplastics were only available to 
Limecola balthica, due to the 
relatively large size of the particles. If 
deposit-feeding were the primary 
process for particle translocation, the 
role of L. balthica should have been 
pronounced in our results. In previous 
studies, L. balthica  more efficiently 
displaced particles vertically in the 
sediment than did Monoporeia affinis 
and Marenzelleria spp. (Viitasalo 
2007, Viitasalo-Frösén et al. 2009) 
and, indeed,  in our study (I) the 
location of L. balthica individuals at 
the end of the experiment also 
explained well the vertical distribution 
of microplastics in the sediment (p = 
0.000, R2 = 0.81). No significant 
effect was observed in the vertical 
distribution of microplastics and the 
location of Marenzelleria spp. (p > 
0.05, R2 = 0.03). Since all M. affinis 
individuals were found in the topmost 
sediment layer, their influence on 
microplastic distribution was not 
tested (Fig. 3 A).  
     Animals transported microplastics 
similarly, regardless of their size in 
both experiments (I, II: p > 0.05). 
Based on the numbers of microplastics 
ingested by L. balthica (I), the passing 
of microplastics through the gut 
supposedly occurred. However, L. 
balthica deposits its faecal pellets on 
the sediment surface (Black 1980, 
Henriksen et al. 1983), resulting 
theoretically in the circling of ingested 
microplastics back to the surface. 
Thus, the correlation between 
microplastic and L. balthica 
distribution (I) is likely explained by 
microplastics fallen into the voids 
created around the clams when they 
moved inside the sediment rather than 
ingestion, a process described by 
(Viitasalo 2007, Hedman et al. 2008). 
Although no relationship between 
Marenzelleria spp. and microplastic 
distribution was found, this does not 




the burial of microplastics. For 
example, the feeding activities of 
Marenzelleria viridis resulted in burial 
of relatively large PA particles 
(diameter 1.33 mm, length 3.14 mm), 
because its faecal pellets are deposited 
on the sediment surface (Delefosse & 
Kristensen 2012). It remains unknown 
which species in our study contributed 
to the upward transport of 
microplastics (II), but based on the 
distribution of the animals (Fig. 3 B), 
L. balthica and Monoporeia affinis 
were residing near the surface and are 
thus likely candidates for transporters.  
     All the species used in our 
experiments (I, II) were classified as 
biodiffusers or gallery-diffusers that 
transport particles randomly over 
short distances (Michaud et al. 2005, 
Hedman et al. 2008, Renz & Forster 
2013). Hence, their effect on particle 
redistribution was expectedly 
relatively small and followed the 
typical pattern of biodiffusive mixing, 
in which tracer distribution shows 
maximum concentration at the surface 
and then an exponential decrease with 
depth (Wheatcroft et al. 1990, 
Kristensen et al. 2012). In other sea 
areas, the patterns of microplastic 
translocation may be very different, 
depending on the resident fauna. For 
example, in the western Baltic Sea, the 
lugworm Arenicola marina buried 
microplastics (PS Ø 1 mm; PA Ø 500 
µm) deposited on the sediment surface 
down to a depth of 20 cm in the 
sediment (Gebhardt & Forster 2018). 
Similarly, in the Danish Straits, A. 
marina effectively buried PA particles 
(length ~3 mm), mimicking eelgrass 
Zostera marina seeds, to deeper layers 
of the sediment (Valdemarsen et al. 
2011, Delefosse & Kristensen 2012). 
Arenicola marina is a subsurface 
deposit-feeder, which in these studies 
buried particles by depositing faecal 
casts on the surface, resulting in 
surface-layer subduction, and by 
individual particle transport through 
its feeding funnel. As a conveyor-belt 
bioturbator, A. marina promotes both 
upward and downward transport of 
particles, but this transport is 
dependent on the particle size 
(Gebhardt & Forster 2018).  Burial by 
depositing of faecal casts, or through 
the feeding funnel, was expected to be 
similar for all sizes of particles. 
However, the upward transport only 
applied to particles below the upper 
size limit of ingestion (typically less 
than 1 mm), which resulted in 
circulating smaller, once-buried 
particles from its feeding layer back to 
the sediment surface (Gebhardt & 
Forster 2018). 
     Based on our studies (I, II) and the 
evidence collected from other research 
(e.g. Gebhardt  & Forster 2018), the 
microplastics at different sediment 
depths seem to be subject to varying 
bioturbation pressures arising from the 
residence depth of benthic species, 
functional group, as well as their 
species-specific characteristics (e.g. 
size range of food particles). To date, 
the effects of bioturbation on 
microplastic distribution in sediments 
have been mainly studied in 
laboratory-based experiments, but 
recent research has also confirmed the 
process in the environment. 
Functional trait-based diversity 
analysis of field samples collected 
from the southwestern coast of 




of microplastics in the sediment cores 
matched the presence of upward and 
downward conveyors (Coppock et al. 
2021). Hence, understanding the 
characteristics of the local benthic 
fauna is central to assessing the fate 
and dynamics of microplastics in 
seafloor sediments in the northern 
Baltic Sea, and based on the presented 
results we conclude that the dominant 
macrofauna primarily facilitate 
microplastic burial up to a depth of 5 
cm. 
  
4.4 Bacterial community 
composition varies on different 
polymer types  
 
4.4.1 Bacterial community 
composition on plastics  
 
The plastics ending up in the marine 
environment represent a new surface 
for microbial colonization and biofilm 
formation (Zettler et al. 2013, 
Oberbeckmann et al. 2014). In our 
study (III), the bacterial communities 
on plastics resembled the community 
composition of the matrix they were 
incubated in (Fig. 4). Congruently 
with previous studies (e.g. Kirstein et 
al. 2016; Oberbeckmann et al. 2016, 
2014; Zettler et al. 2013), the 
communities present in the water were 
distinct from those in the sediment and 
on plastics. This was expected, since 
particle-associated communities 
usually differ from the water phase 
hosting free-living bacteria (Rieck et 
al. 2015). The similarity of the 
bacterial communities on plastics and 
sediments also follows the view that 
most taxa do not differentiate between 
natural and artificial surfaces 
(reviewed by Oberbeckmann & 
Labrenz 2020; Wright et al. 2020b). 
Even though differences have been 
observed for the early colonizers of 
plastics and other surfaces, the 
similarity of the community 
composition increases with the 
maturation of the biofilm (Pinto et al. 
2019, Erni-Cassola et al. 2020). Since 
mature plastisphere communities can 
be developed in a single week (Erni-
Cassola et al. 2020), it is not surprising 
that the bacterial community 
composition in our 14-week study was 
similar on plastics and the surrounding 
sediment. 
     Despite the above-mentioned 
similarities, the bacterial community 
on CA differed from that of the other 
polymer types examined in the 
sediment incubations and was 
predominated by the class Bacteroidia 
at both sites (WH and VKL) (Fig. 4). 
In comparing biodegradable CA to 
conventional PA, the classes 
Bacteroidia and Spirochaetia were 
especially enriched on CA. These 
same classes have also been detected 
on plastics in previous studies (e.g. 
Oberbeckmann et al. 2016, 2014). 
Differences between bioplastics and 
conventional plastics have also been 
detected by Pinnell and Turner (2019), 
who found distinct microbial 
communities on  PHA compared with 
polyethylene terephthalate (PET) 
incubated in coastal marine sediments, 
and by Dussud et al. (2018), who 
detected higher colonization of active 
and specific bacteria on biodegradable 
poly(3-hydroxybutyrate-co-3-
hydroxyvalerate) (PHBV) than on PE 
in seawater.  The surface properties of 







Figure 4. Class-level bacterial diversity of 16S ribosomal RNA gene sequences 
(~450 base pairs) representing > 0.1% of all amplicon sequence variants (ASVs) on 
different plastic types (CA = cellulose acetate, PLLA = poly-L-lactic acid, 
PA = polyamide, PS = polystyrene) and in sediment and water (A = West  Harbour 





hydrophobicity, roughness or electric 
charge, may have influenced the 
formation of biofilm, resulting in 
some of the observed differences 
between plastic types (Artham et al. 
2009, Oberbeckmann & Labrenz 
2020). 
     The overall close resemblance of 
biofilms detected on plastics and in the 
sediment in most cases (III) may 
hinder some organisms’ abilities to 
discriminate plastics from their natural 
food sources. Especially at risk may be 
animals that use chemosensory cues in 
foraging; for example, in pelagic 
environments the biofouling of 
microplastics promotes their ingestion 
by marine copepods (Vroom et al. 
2017). Similarly, Botterell et al. 
(2020) demonstrated increased 
ingestion rates by marine copepods 
and European lobster larvae (Homarus 
gammarus) on microplastics infused 
in dimethyl sulphide (DMS), an 




4.4.2 Role of biofilm in plastic 
degradation  
 
While plastic biofilms included 
hydrocarbonoclastic bacteria (e.g. 
Arcobacter and taxa in class 
Bacteroidia) specialized in degrading 
complex carbon substrates, no 
apparent degradation of any of the 
plastic types was observed in 
microscopic examination after the 
incubations (III). Many of the bacteria 
especially enriched on CA in the 
sediment at both sites (WH and VKL), 
such as Bacteroidia, Spirochaeta and 
Clostridia, are potentially cellulolytic, 
i.e. capable of decomposing cellulose 
(Das et al. 2006). In addition, 
Pseudorhodobacter 
(Alphaproteobacteria) was enriched 
on CA in the WH sediment. Both 
Spirochaeta and Pseudorhodobacter 
may also possess beta-galactosidase 
genes that encode enzymes capable of 
breaking bonds in natural polymers, 
including starch and other 
polysaccharides (Li et al. 2016, Chen 
et al. 2019). The enrichment of 
potentially cellulolytic bacteria on CA 
indicates that this bacterial community 
may have been selected due to their 
CA-degrading capability (III). While 
this may indicate potential 
biodegradation with time, it can only 
be speculated and would require 
further information on the specific 
properties of the used material, 
because the biodegradation potential 
of CA is inversely related to the degree 
of acetylation (Puls et al. 2011). 
However, since no visible degradation 
of CA was detected and we did not 
measure bacterial production or 
activity, the potential degradation of 
CA in marine sediments is yet to be 
confirmed in future investigations.  
     The observation that potential 
plastic-degrading communities 
developed on CA only in the 
sediments, and not in the water (III), 
highlights the need to determine where 
the plastic litter accumulates to be able 
to assess their persistence and 
degradation potential in the marine 
environment. Moreover, the results 
indicate that not all bioplastics behave 
similarly in the marine environment, 
since there were differences between 
the two bio-based, biodegradable 




PLLA). Of these, CA seemed to be 
better at recruiting potentially plastic-
degrading bacterial communities, and 
hence may have a higher potential for 
biodegradation than PLLA, which 
seemed as inert as the conventional 
polymer types (PA, PS) in the study. 
However, since biogeography, 
environmental conditions and the 
season may affect the bacterial 
community composition, the 
degradation potential of different 
polymer types may also vary, 
depending on these factors 
(Oberbeckmann et al. 2014, 2016, 
Amaral-Zettler et al. 2015).  
     To date, the biodegradation of 
microplastics has not been verified in 
the marine environment (reviewed by 
Oberbeckmann & Labrenz 2020). The 
conclusions of potential 
biodegradation of plastics have been 
made, based on weight loss of the 
material, sometimes coupled with 
biofilm growth (e.g. Artham et al. 
2009). However, this approach has 
been criticized as not being able to 
differentiate between the 
biodegradation of the polymer matrix 
and the biodegradation of the additives 
or residual monomers present in the 
material, hence leading possibly to 
inaccurate interpretation of the results 
(Oberbeckmann & Labrenz 2020, 
Wright et al. 2020a). Wright et al. 
(2020a) even hypothesized that 
plastics could act as hotspots of 
pollutant degradation, because they 
both concentrate HOCs from the 
environment and may stimulate the 
development of specialized 
biodegrading microbes. In addition to 
environmentally derived HOCs, 
plastic additives and weathering 
subproducts can be present in the 
plastics and may be more likely 
degraded by microorganisms, due to 
their lability, than the polymer matrix 
(Wright et al. 2020b).  
 
 
4.5 PAH sorption on plastic is 
influenced by the polymer type and 
the surrounding media  
 
4.5.1 PS consistently sorbs more 
PAHs than the other plastics 
examined 
 
Plastics are known to sorb various 
HOCs, including PAHs, from their 
surrounding environment (e.g. 
Rochman et al. 2013a, b, Sørensen et 
al. 2020), and likewise, during the 3-
month incubation in PAH-containing 
sediments, both conventional and 
biodegradable plastics sorbed PAHs in 
our study (III). The total concentration 
of PAHs varied between the plastic 
types examined at both study sites and 
matrices: WH sediment (p = 0.020), 
WH water (p = 0.003), VKL sediment 
(p = 0.034) and VKL water (p = 
0.040). In all cases, the highest 
concentrations of PAHs were 
observed in PS (Fig. 5). The sum of the 
PAHs was significantly higher in PS  
than in CA (p = 0.032) and PLLA (p = 
0.024) in WH sediment,  while in WH 
water it was higher in PS than in PA (p 
= 0.009) and PLLA (p = 0.004). In the 
VKL sediment, a higher sum of PAHs 
was observed in PS than in PLLA (p = 
0.008), and a similar pattern was also 
seen in VKL water: PS showed higher 
concentrations of PAHs than did 








Figure 5. Average sum of polycyclic aromatic hydrocarbon (PAH) congeners and 
total PAHs (mean ± SD) in the plastic types examined (CA = cellulose acetate, 
PLLA = poly-L-lactic acid, PA = polyamide, PS = polystyrene) incubated in West 
Harbour (WH) and Vanhankaupunginlahti (VKL) sediments and water. The low-
molecular-weight (LMW) PAHs are visualized, using blue shades and high-






     In the PAH sorption to plastics, the 
hydrophobic interactions are deemed 
one of the predominant mechanisms of 
sorption, since both PAHs and plastics 
are hydrophobic (Tourinho et al. 
2019). The hydrophobicity of polymer 
types varies: for example, PS is 
classified as highly hydrophobic, and 
its aromaticity further enables 
efficient PAH adsorption, due to 
noncovalent π–π interactions between 
the aromatic groups (e.g. Claessens & 
Stoddart 1997). Another factor 
explaining the high sorption capacity 
of PS may lie in its amorphous 
structure (Rochman et al. 2013b, 
Velzeboer et al. 2014). Sorption 
occurs primarily in amorphous 
domains, and polymers contain 
different ratios of amorphous and 
crystalline contents. In crystalline 
regions the molecules of the polymer 
show an ordered structure, in which 
the positions and motions of atoms are 
restricted. In the amorphous regions, 
however, the orientation of the 
polymer chains is more random, and 
the molecular segments can move 
more freely, which creates space for 
sorption (Endo & Koelmans 2019). In 
the case of PS, each of the styrene 
monomers contains aromatic rings 
that are randomly distributed on both 
sides of the polymer chain, generating 
a space between adjacent polymer 
chains where chemicals can diffuse 
(Pascall et al. 2005).  
     These characteristics, crystallinity 
and nonaromaticity, likely may partly 
explain the observed differences in 
PAH sorption between polymer types 
(III). CA is amorphous like PS, but not 
aromatic, and the other polymer types 
used in the experiment are all less 
amorphous than PS; the PA used is a 
semicrystalline polymer, whereas 
PLLA has high crystalline content 
(60–70%). In accordance with its high 
crystallinity, the concentrations of 
PAHs measured in PLLA were lower, 
although not significantly, than in 
other plastic types. 
     Our results support previous 
observations showing that sorption 
capacity of PAHs is dependent on the 
plastic polymer type (Rochman et al. 
2013a, b, Sørensen et al. 2020). 
Furthermore, the proposal by 
Rochman et al. (2013b) that PS may 
pose a greater risk for the marine 
environment because of its high 
sorption capacity and potential to act 
as an efficient vector for sorbed 
contaminants is also supported. While 
for this reason PS, and also PE 
(Sørensen et al. 2020), have been 
recognized as materials of elevated 
risk, it is not fully known how 
environmental factors alter the 
sorptive capacities of different 
polymer types. The state of the plastic 
changes over time and place, and it has 
been assumed that the concentration of 
HOCs may be a function of the age of 
the plastic,  because the surface area 
available for sorption increases as a 
result of weathering (Mato et al. 2001, 
Rios et al. 2007, Liu et al. 2020). In 
addition to weathering (Karapanagioti 
& Klontza 2008), biofilm formation 
and microbial degradation (Johansen 
et al. 2019), and competitive sorption 
can affect the sorptive capacities of 




2012, Endo & Koelmans 2019), as 
well as environmental conditions such 




4.5.2 The surrounding matrix and 
properties of PAH congeners affect 
the sorption 
 
Since the concentrations of PAHs in 
the plastics varied, depending on 
whether they were incubated in the 
sediment or in the water (Fig. 5), it is 
evident that the surrounding matrix 
also affects the sorption (III). In 
general, in WH the sum of the PAHs 
was higher in plastics incubated in 
sediment, whereas in VKL it was 
higher in water-incubated plastics. 
The PAH congeners and their 
concentrations detected on plastics 
probably reflect the pool of PAHs 
available in different matrices, as well 
as the other qualities of the matrices 
that can further affect sorption (e.g. 
amount of dissolved and particulate 
organic matter, clay content, pH; 
Amelia et al. 2021).  
     It is known that sorption is partly 
governed by the MW of the PAHs 
(Rochman et al. 2013a), since the 
hydrophobicity of the congener 
generally increases with the number of 
aromatic rings (Achten & Andersson 
2015). Hence, the concentrations of 
lower-molecular-weight (LMW; 2–3 
aromatic rings) and higher-molecular-
weight (HMW; 4–6 aromatic rings) 
PAHs were investigated separately 
(III). More LMW PAHs sorbed to 
plastics from water than from the 
sediment at both sites, being in line 
with a study in which LMW PAHs 
accounted for most of the PAHs in 
microplastics collected from the sea 
surface (Mai et al. 2018). Even though 
the initial PAH concentrations in 
water were not quantified in the 
present study (III), in general the 
concentrations of LMW and HMW 
PAHs on plastics at WH seemed to 
reflect the environmental observations 
on the predominance of LMW PAHs 
in the water phase and HMW PAHs in 
the sediment (Witt 1995). However, a 
similar pattern was not found at VKL, 
where the LMW PAHs dominated the 
PAH profile of plastics incubated in 
the sediment. This may have been due 
to both the sediment quantity and 
quality. The sediment samples from 
VKL showed a higher water content 
and lower organic matter content than 
the sediments from WH, which likely 
restricted the amount of particle-
bound HMW PAHs available for 
partitioning to plastics. The seawater 
from the VKL site also contained more 
clay particles than did the WH water. 
The clay particles may have carried 
more PAHs to the water units and 
could explain the high concentrations 
of PAHs in plastics incubated in the 
VKL water. 
     Even in the same matrix, the 
sorption patterns may differ between 
polymer types and PAH congeners. 
Previously,  faster saturation was 
achieved in LMW PAHs  than in 
HMW PAHs when various polymer 
types (low-density polyethylene 
[LDPE], high-density polyethylene 
[HDPE], polypropylene [PP], PET, 
polyvinyl chloride [PVC]) were 
studied in seawater, but in a similar 
study using PS, no clear differences in 




PAHs were detected (Rochman et al. 
2013a, b). While the concentrations of 
PAHs in PS, HDPE and LDPE were 
similar after 6 months of incubation, 
the predicted equilibrium for PS was 
achieved much faster (Rochman et al. 
2013a, b). Since the time to reach 
equilibrium is not only dependent on 
the congener and polymer properties, 
but also on the volume of the 
surrounding matrix (Koelmans et al. 
2016), it could be speculated that our 
3-month incubation under the stable 
conditions of the small experimental 
aquaria could have been long enough  
to at least approach equilibrium (III). 
In the field, equilibrium times as short 
as one month have been verified for 
polyoxomethylene (POM) and 
polydimethylsiloxane (PDMS) films 
used as passive samplers for PAHs in 
the sediment (Cornelissen et al. 2008). 
However, since the sorption kinetics 
were not followed in our study, it 
cannot be concluded whether 
equilibrium between the plastics and 
the surrounding media was achieved, 
although it may have been for some 




4.6 Plastics as vectors for PAHs 
and other contaminants  
 
4.6.1 Plastics may contribute to the 
downward flux of PAHs and alter 
their bioavailability in sediments 
 
The PAHs sorbed to plastics in water 
incubations (III) suggest that floating 
plastic litter may serve as additional 
sorptive surfaces for newly emitted 
PAHs. Due to the particles’ tendency 
to settle, microplastics may then 
participate in the downward flux of 
PAHs, similar to the settling 
phytoplankton and faecal pellets of 
copepods (Prahl & Carpenter 1979, 
Witt 2002), but unlike these natural 
particles, buoyant microplastics may 
persist in the surface waters for longer 
periods of time. Previous field studies 
have detected PAH concentrations up 
to 1200 µg/kg in plastic pellets and 
postconsumer plastic fragments (Rios 
et al. 2007), and even 119 000 µg/kg 
in surface-water microplastics (Mai et 
al. 2018). Since polymers vary in their 
sorptive capacities and specific 
gravities, plastics are expected to have 
varying PAH concentrations and 
residence times at the water surface. 
Especially buoyant plastics with high 
sorptive capacities may thus carry 
HOCs both horizontally and vertically 
in the marine environment.  
     When in sediment, the same PAH 
congeners were quantified from the 
plastics and the sediment at WH, but 
the concentrations of PAHs were 
considerably lower in plastics (III). 
While the maximum PAH 
concentration based on LOQs was 
2670 μg/kg in the sediment, in plastics 
it varied between 45 and 109 μg/kg, 
depending on the polymer type, and 
even the highest concentration 
quantified in one PS replicate 
(139 μg/kg) represented only a 
fraction of the bulk sediment 
concentration. It appears that plastics 
in the sediment aquaria acted as 
passive samplers, sorbing dissolved 
PAHs from the sediment pore water. 
Passive sampling is a common tool for 
studying dissolved PAH 




rather than the bulk sediment 
concentrations, those quantified in 
passive samplers are believed to 
represent the bioavailable 
concentration of PAHs and other 
HOCs in the sediment (Maruya et al. 
2009, Beckingham & Ghosh 2013). 
This dissolved, bioavailable fraction 
of HOCs is crucial for marine 
invertebrates, since the major route of 
HOC exposure to them is estimated to 
be bioconcentration, i.e. occurring 
passively via the body surface or 
respiratory organs (Gray 2002, Teuten 
et al. 2009), although ingestion of 
contaminant-loaded sediment (i.e. 
bioaccumulation) may also play a role 
for deposit-feeders (Leppänen 1995). 
Hence, if plastics sorb dissolved 
PAHs, it could be argued that plastics 
in the seafloor may reduce the uptake 
of the bioavailable fraction of PAHs. 
Indications of this has been received 
from an experiment in which  the 
presence of PE and PS microplastics in 
seawater reduced both the 
concentration of dissolved 
fluoranthene (FLA) and phenanthrene 
(PHE), as well as the body burden of 
these congeners in the copepod 
Calanus finmarchicus during a 96-h 
exposure (Sørensen et al. 2020). 
Similarly, a coexposure to FLA and 
PE microplastics decreased the 
concentration of FLA in Mytilus edulis 
tissues compared with FLA exposure 
only (Magara et al. 2018). It is thus 
possible that the PAHs sorbed to 
microplastics do not significantly 
contribute to the body burden of 
animals under conditions in which the 
same congeners are present dissolved 
and taken up from the water phase.  
     The quantity of plastic that would 
be needed to significantly modulate 
the bioavailability of PAHs in 
sediments is unclear. In the Baltic Sea, 
macrolitter abundance on the seafloor 
varies. Kammann et al. (2018) 
estimated an average of 5.07 items per 
km2 (of which 66% were plastics), 
whereas the data collected in the Baltic 
International Trawl Surveys (BITS) 
suggest an average of 58.9 (± 20.9) 
items per km2 (of which 30.6% were 
plastics) (HELCOM 2018). However, 
the litter is not uniformly distributed 
on the seafloor, and the present 
hydrodynamics, geomorphology and 
human influence (Pham et al. 2014, 
Galgani et al. 2015) may locally 
accumulate large aggregations of 
plastics that may cause small-scale 
alterations in the benthic habitat. In 
addition to macroplastics, the 
microplastic (> 20 μm) abundance in 
the coastal sediments of the northern 
Baltic Sea can reach over 20 000 
pieces per kg dw (Tirroniemi 2019), 
and because of their high surface-to-
volume ratio they are believed to be 
efficient in adsorbing PAHs and other 
HOCs. They may thus also participate 
in modulating the PAH bioavailability 
in sediments, but unlike larger plastic 
litter, microplastics are more prone to 
being ingested. However, in general, 
the importance of microplastics as 
HOC vectors to fauna is assumed to be 
rather low at current exposure levels 
compared with other pathways (Gouin 
et al. 2011, Koelmans et al. 2016, 
Bakir et al. 2016). The PAH 
concentrations on plastics and in the 
sediment (III) indicate that the 
ingestion of plastics is not likely to 
increase the PAH burden of deposit-




equilibrium between plastic and the 
surrounding media  were achieved, the 
quantity of HOCs in the plastics 
currently in the ocean is estimated to 
represent only a tiny fraction of the 
HOC mass that is held by other media 
(Koelmans et al. 2016).  
 
 
4.6.2 Microplastics as sources of 
contaminants  
 
While acting as a ‘sink’ for various 
HOCs in the environment, plastics can 
also be a source for some 
contaminants. Rochman et al. (2013b) 
measured several PAH congeners 
from virgin PS, probably originating 
from the plastic-manufacturing 
process. Similarly, a variety of organic 
compounds related to plastic 
manufacturing, such as butylated 
hydroxytoluene (BHT), 
acetyltributylcitrate and octabenzone, 
used respectively as antioxidants, 
plasticizers and stabilizers, have been 
detected when screening plastic litter 
collected from the marine 
environment (Gauquie et al. 2015). In 
addition, many heavy metals, such as 
Pb used as a catalyst and Cr, Br and Cd 
that are ingredients of colorants and 
flame retardants, occur in plastic litter 
(Turner & Lau 2016, Turner 2017). 
Although the impact of 
environmentally derived HOCs sorbed 
to plastics may not pose elevated risk 
for animals, the vector-effect may be 
more pronounced for the chemicals 
that originate from the plastic itself, 
especially when the plastic is newly 
emitted to the environment (Koelmans 
et al. 2016).  
     One potentially harmful type of 
microplastics is car tyre fragments, 
which have only recently gained 
attention as widespread environmental 
pollutants (Kole et al. 2017, Wagner et 
al. 2018). They comprise a mixture of 
natural and synthetic rubber polymers, 
and numerous additives such as 
carbon blacks, stabilizers, process oils, 
fillers and pigments (Halsband et al. 
2020). Several harmful substances 
have been detected from tyre rubber 
and its leachates, the most abundant 
being heavy metals, benzothiazole, 
PAHs and phenolic compounds 
(Councell et al. 2004, Celeiro et al. 
2014, Halsband et al. 2020, Capolupo 
et al. 2020). Recently, Tian et al. 
(2020) also discovered a highly toxic 
quinone transformation product of N-
(1,3-dimethylbutyl)-N'-phenyl-p-
phenylenediamine (6PPD) derived 
from tyre rubber, where it is used as an 
antiozonant. 
     Congruently with  earlier studies 
(Councell et al. 2004, Celeiro et al. 
2014, Halsband et al. 2020, Capolupo 
et al. 2020), the tyre rubber used in 
experiment IV contained metals and 
PAHs, which showed the highest 
concentrations in the experimental 
waters of  both particle treatments AP 
and CP at the start of the experiment 
(Day 3).  Of the metals, Zn, Co and Cu 
were especially abundant, and of the 
PAH congeners, most notably pyrene 
(PYR), FLA and acenaphthylene 
(ACY) showed elevated 
concentrations (Table 6). Similar 
observations have also been made in 
other studies that examined the 
contaminants in  tyre  rubber and its 
leachates (Celeiro et al. 2014, 




2020), and as in the present study (IV), 
the water samples were analysed 
unfiltered, the measured 
concentrations representing both the 
contaminants present in the rubber and 
the ones that may have leached to the 
water. The controls and leachate 
treatments did not markedly differ 
from each other, indicating that the 
mesh bags in the AL and CL 
treatments possibly prevented 
efficient leaching.  
     In general, the most abundant PAH 
congeners and metals measured in the 
experiment waters were also most 
abundant in clam tissues (IV). The 
sum of the PAHs was highest in clams 
in the particle treatments AP (1029 
µg/kg wet weight [ww]) and CP (1033 
µg/kg ww), compared  with AC (265 
µg/kg ww), AL (230 µg/kg ww), CC 
(116 µg/kg ww) and CL (117 µg/kg 
ww).  The mean concentrations of Zn 
and Co were also elevated in the clams 
in particle treatments AP and CP (Zn: 
1549–1555 mg/kg dw; Co: 10.6–12 
mg/kg dw) compared with leachate 
treatments AL and CL (Zn: 1047–
1154 mg/kg dw; Co: 4.8 mg/kg dw) 
and controls AC and CC (Zn: 961–
1188 mg/kg dw; Co: 4.5–6.2 mg/kg 
dw). This was expected, since tyre 
rubber ingestion by Limecola balthica 
in the particle treatments was verified 
visually during the experiment. The 
similarity between the contaminant 
profiles in the water samples and clam 
tissues in the particle treatments is 
most likely due to them both 
containing  tyre rubber particles – with 
the approach used, it is impossible to 
separate the contaminant load of the 
particles from that of the potential 
bioaccumulation of these 
contaminants in the tissues. Due to the 
ingestion, however, it can be 
concluded that the tyre rubber can act 
as a contaminant vector to clams. 
 
 
Table 6. Concentrations of some metals and polycyclic aromatic hydrocarbons 
(PAHs) quantified from water samples on the third experimental day before the water 
renewal (IV). The contaminants showing the clearest differences between treatments 
were selected for the table, and the concentrations represent the maximum 
concentrations based on the limits of quantification (LOQs) (AC = acute control, AL 
= acute leachate, AP = acute particle, CC = chronic control, CL = chronic leachate, 
CP = chronic particle, Cu = copper, Co = cobalt, Zn = zinc, ACY = acenaphthylene, 
PHE = phenanthrene, FLA = fluoranthene, PYR = pyrene, BghiP = 
benzo[g,h,i]perylene). 
 
Cu Co Zn ACY PHE FLA PYR BghiP sum of PAHs
µg/L µg/L µg/L µg/L µg/L µg/L µg/L µg/L µg/L
AC 2.1 0.5 6.5 0.010 0.020 0.020 0.010 0.007 0.32
AL 1.7 0.5 17.5 0.010 0.020 0.020 0.010 0.005 0.36
AP 5.0 3.0 692.0 0.100 0.042 0.087 0.220 0.031 0.79
CC 2.1 0.4 2.6 0.010 0.020 0.020 0.010 0.002 0.31
CL 2.2 0.6 7.3 0.010 0.020 0.020 0.010 0.007 0.32
CP 6.8 2.7 706.0 0.081 0.059 0.120 0.300 0.042 0.92




4.7 Effects of tyre rubber 
fragments on the Baltic clam  
 
4.7.1 Exposure to tyre rubber impacts 
the ADS and causes oxidative stress 
 
Many contaminants present in tyre 
rubber, such as the heavy metals and 
PAHs quantified in this study (IV), are 
well-known inducers of oxidative 
stress in aquatic organisms (Lushchak 
2011), and  microplastic particles can 
also cause similar effects in various 
invertebrate groups (reviewed by 
Trestrail et al. 2020). The toxicity 
studies conducted with tyre rubber 
particles are still scarce (reviewed by 
Halle et al. 2020), but their leachates  
cause toxic effects for many species, 
including water fleas Daphnia magna 
and Ceriodaphnia dubia (Wik et al. 
2009), and the Mediterranean mussel 
Mytilus galloprovincialis (Capolupo 
et al. 2020, 2021).  
     In the present experiment (IV), no 
neurotoxic effects were observed (as 
shown by the AChE activity, Fig. 6), 
which corresponds to the results 
obtained by Capolupo et al. (2021), 
who exposed M. galloprovincialis to 
tyre rubber leachates for a 7-day 
period. However, the ADS showed 
variable response patterns in both the 
acute and chronic experiments, 
indicating that the clams experienced 
oxidative stress following the tyre 
rubber exposure. Notable differences 
were seen in GPx, ORAC, SOD, 
GSH/GSSG and GST, whereas CAT, 
GR, GSH and GSSG showed no 
differences between treatments (IV).  
     In the acute exposure experiment, 
the GSH/GSSG ratio was lower in AL 
than in AC (p = 0.039) (Fig. 6), which 
indicates increased GSH utilization 
and depletion of the GSH pool in the 
AL treatment. GSH is a nonenzymatic 
antioxidant agent that is considered 
one of the most important ROS 
scavengers, and it also participates in 
the detoxification of environmental 
contaminants (including PAHs) by 
conjugation (Cheung et al. 2001).  The 
GPx activity was also lower in the AL 
(p = 0.000) and AP (p = 0.003) 
treatments than in the control, 
signalling potentially compromised 
protection against hydrogen peroxide. 
The activity of SOD, the first-line 
antioxidant defence enzyme, was 
reduced in the AL and AP treatments 
compared with AC, albeit not 
significantly (p > 0.05). However, the 
reduced SOD and GPx activities 
indicate increased stress as a response 
to tyre rubber exposure, further 
supported by the wide-ranging 
individual variation in ORAC in the 
AP-treated clams (Fig. 6). 
     In comparing the responses of the 
clams in the acute and chronic 
exposures, the changes in the ADS 
response patterns in the chronically 
exposed clams indicate adaptive 
metabolic arrangements,  because 
neither the GSH/GSSG ratio nor the 
activity of GR  was affected in the 
treatments containing  tyre rubber 
(Fig. 6). However, the activity of GST 
was significantly higher in CP than in 
CC (p = 0.004), signifying increased 
detoxification, and the SOD activity 
was significantly lower in the CP 
treatment than in both the CC and CL 
treatments (p < 0.000). The lowered 
SOD activity in the CP treatment 
suggests a bell-shaped response in this 




exposure, the physiological capacity 
of the clams was compromised, 
leading to the reduction in SOD 
expression and subsequently to the 
measured low activity. Similar to the 
acute experiment, the ORAC also 
showed changes: the ORAC levels 
were considerably lower in the CP 
treatment than in CC (p = 0.012), and 
also lower in the CL treatment, 
although not significantly (p > 0.05). 
The reduction in the capacity to battle 
against the increased levels of ROS in 
the chronically exposed clams likely 
leads to macromolecular damage and 
subsequently to various types of health 
effects and reduced fitness in case the 
exposure continues. 
     Interestingly, even though the PAH 
and metal analyses from the water and 
clam tissues did not show marked 
differences in the concentrations of 
these contaminants between the 
control and leachate treatments, the 
biomarkers were able to reveal that the 
clams in the leachate treatments 
suffered from elevated stress levels 
compared  with the control clams. For 
example, in the chronic experiment the 
GPx shows markedly increased 
activity in the CL treatment compared 
with both the CC (p < 0.000) and CP 
treatments (p = 0.001). This is a good 
example of the bell-shaped pattern of 
response, in which moderate exposure 
may cause the highest activities of the 
enzymes while severe stress leads to 
reduced activity (Dagnino et al. 2007). 
This pattern observed in the chronic 
experiment may have been due to  
slightly elevated concentrations of 
some metals in the CL treatment at the 
end of the experiment, but can also 
indicate the presence of some other 
leached chemicals that were not 
quantified in the present study, or 
reflect the observation by Khan et al. 
(2019), who found indication that the 
acute toxicity of  tyre rubber particles 
is distinct from that of its leachates. In 
their experiment, at low 
concentrations the tyre rubber leachate 
was more toxic, but in high 
concentrations the particles had 
greater toxic effects on the amphipod 
Hyalella azteca. All in all, since only 
a few studies to date have examined 
the effects of tyre wear particles on 
aquatic organisms (reviewed by Halle 
et al. 2020), these results call upon 
further research for quantifying the 
underlying mechanisms causing the 




Figure 6. Biomarkers measured in clams in different treatments at the end of the 
experiment (AC = acute control, AL = acute leachate, AP = acute particle, CC = 
chronic control, CL = chronic leachate, CP = chronic particle, CI = condition 
index, AChE = acetylcholinesterase, CAT = catalase, GPx = glutathione 
peroxidase, GR = glutathione reductase, GST = glutathione-S-transferase, GSH = 
glutathione, GSSG = glutathione disulphide, GSH/GSSG = glutathione/glutathione 
disulphide ratio, SOD = superoxide dismutase, ORAC = oxygen-radical antioxidant 










4.7.2 Abnormalities in vital cellular 
structures of the clams as signs of 
oxidative damage  
 
When the ADS fails to compensate for 
the harmful effects of ROS, increased 
oxidative damage to macromolecules, 
such as DNA, lipids and proteins, can 
occur (Livingstone 2001). 
Surprisingly, even though the LPO 
levels of clams were lower in CP than 
in CL and CC (Fig. 6), no increased 
degradation of lipids was detected 
between treatments (p > 0.05). 
However, since the level of 
cytogenetic damage was elevated in 
the CL and CP treatments compared 
with the CC, albeit not significantly (p 
= 0.056 in both cases), the DNA and 
cell viability were impacted (IV). 
Most of the damage was observed in 
the genotoxic endpoints, indicating 
DNA damage that can arise via 
multiple routes. The contaminant may 
directly damage DNA or produce 
damaging metabolites, increase the 
generation of ROS or hamper DNA 
synthesis and repair (Lee & Steinert 
2003). Although many PAHs and their 
metabolites are known to have toxic, 
mutagenic and carcinogenic properties 
(Baršienė et al. 2012), the level and 
profiles of cytogenetic damage in the 
CL and CP treatments were very 
similar, suggesting that possibly some 
other components of the tyre rubber 
may have caused the effects. While 
research on the genotoxic effects of 
tyre rubber fragments in aquatic 
organisms is still lacking, several in 
vitro studies have demonstrated their 
effects e.g. on the human lung cell line 
A549 (Gualtieri et al. 2005, Karlsson 
et al. 2006). Due to the limited 
knowledge on the underlying 
mechanisms of tyre rubber toxicity, 
further research is needed.  
     In addition to the above-mentioned 
biomarkers, the stress response to 
environmental pollution can also be 
expressed as abnormalities in cell 
ultrastructure. Qualitative 
investigation of the gills, DG and foot 
of the clams revealed disruptions, 
especially in the mitochondria and 
lysosomes (IV). Most abnormalities in 
cell ultrastructure were detected in the 
AP, CL and CP treatments, giving 
further indication of the harmful 
effects of tyre rubber exposure. In the 
chronic experiment, swollen 
mitochondria were found in the gills 
and DG cells of the clams in the CL 
and CP treatments. Mitochondrial 
swelling is a typical response to the 
exposure to various contaminants, 
such as tributyl chloride and zinc 
oxide, in aquatic organisms (Tiano et 
al. 2003, Trevisan et al. 2014), and is 
induced by ruptures that increased 
ROS production causes  in the outer 
membranes of the mitochondria, 
leading to disruption of their volume 
homoeostasis (Ott et al. 2007, 
Chatterjee et al. 2009, Slimen et al. 
2014).  Since mitochondria play a vital 
role in cellular respiration, severe 
impairment of their functions may 
have serious effects on cell viability 
(Ott et al. 2007, Slimen et al. 2014).  
     Enlarged lysosomes and increase in 
their numbers were observed in the 
gills of the AP and CL clams,  while in 
the foot the number of lysosomes was 
increased, and they contained dark 
material not only in the AP and CP 
clams, but also in the AC clams. These 




following exposure to various 
pollutants, especially in the DG cells 
of mussels (Marigómez et al. 1996, 
Marigómez & Baybay-Villacorta 
2003). Since lysosomes are the main 
sites for metal and organic pollution 
sequestration and detoxification in the 
cells, metals accumulating in the 
lysosomes can disturb normal 
functioning and damage the lysosomal 
membrane (Viarengo et al. 1987, 
Moore et al. 2004). This may lead to a 
reduction in lysosomal membrane 
stability (LMS), which in turn is often 
coupled with lysosome enlargement or 
swelling (Marigómez & Baybay-
Villacorta 2003, Moore et al. 2008). 
For example, heavy-metal or 
petroleum hydrocarbon exposure can 
lead to the enlargement of lysosomes 
in digestive cells of blue mussels 
(genus Mytilus) (Regoli 1992, 
Cajaraville et al. 1995, Marigómez et 
al. 2005). Furthermore, previous 
studies by Capolupo et al. (2020, 
2021) demonstrated a reduction in 
LMS in M. galloprovincialis 
haemocytes as a response to tyre 
rubber leachates, giving further 
evidence for the deleterious impacts of 
tyre rubber on bivalve lysosomes. In 
one of these studies, an increase in the 
lysosome-to-cytoplasm volume ratio 
was also observed concurrently with 
the reduction in LMS, as well as 
increased lipofuscin content of 
lysosomes (Capolupo et al. 2021). 
Lipofuscins are the endpoints of the 
peroxidation of autophagocytosed 
cellular components and indicate 
autophagy (i.e. degradation of cellular 
components in lysosomes). While the 
ADS enzymes form the first tier of 
defence against oxidative damage, 
lysosomal autophagy forms a second 
line of defence, e.g. by removing 
oxidatively damaged organelles and 
macromolecules (Moore et al. 2006, 
2008). The dark material inside the 
lysosomes in our study likely also 
indicates increased autophagy.  
     Since  multiple changes in vital 
cellular structures, such as DNA, 
mitochondria and lysosomes, were 
observed in clam tissues following 
tyre rubber exposure (IV), it can be 
concluded that the ADS did not 
adequately protect the cell from ROS-
induced damage in the clams in the 
AP, CL and CP treatments. The 
second line of defence (autophagy) 
was potentially triggered by the 
ineffective coping with the increased 
levels of ROS and damage affecting 
the cell macromolecules. Oxidative 
stress, DNA damage and 
mitochondrial dysfunction can all 
activate autophagy (Pesonen & 
Vähäkangas 2019). Autophagy is an 
adaptive process that protects cells 
(Silvestre 2020), but if autophagic 
capabilities fail to restore the 
homoeostasis, autophagy may also 
serve as a third tier of defence 
triggering cell death (Moore et al. 
2006).  Since the experiment did not 
last any longer, the impacts of 
prolonged exposure on the clams were 
left undefined.  
 
 
4.8 Links between intracellular 
stress, individual fitness and 
ecosystem functioning 
 
 Biomarkers can be used to link 
molecular and cellular stress and 




organization. Individuals have limited 
energy resources, and when they are 
exposed to contaminants, more energy 
is allocated to the ADS and other 
mechanisms fighting to prevent the 
damage caused by increased 
production of ROS, restricting the 
availability of energy for growth or 
reproduction (Trestrail et al. 2020). 
This trade-off in energy allocation is 
common in many invertebrates 
exposed to environmental 
contaminants (Petes et al. 2008, Lister 
et al. 2016) and raises concerns for the 
impacts of microplastics and 
associated contaminants in the marine 
environment. So far, only limited 
evidence for the effects of 
microplastics or their leachates on 
energy allocation has been provided. 
Some studies have demonstrated a 
reduction in regeneration rates of the 
polychaete Perinereis aibuhitensis 
(Leung & Chan 2018), a delay in 
metamorphosis of Chironomus tepperi 
(Ziajahromi et al. 2018), a decrease in 
weight and energy reserves of 
Arenicola marina (Wright et al. 2013, 
Besseling et al. 2013), and depletion of 
energy reserves in the sediment-
dwelling clams Abra nitida and 
Ennucula tenuis (Bour et al. 2018). In 
the Pacific oyster Crassostrea gigas, 
exposure to PS spheres impacted not 
only energy uptake and allocation, but 
also reproduction and offspring 
performance (Sussarellu et al. 2016). 
However, in many studies no effects 
on somatic growth have been found 
(e.g. Bruck  & Ford 2018; Redondo-
Hasselerharm et al. 2018), showing 
that the effects of exposure are highly 
variable and are dependent on e.g. the 
study species, stage of the life cycle, 
polymer type and exposure 
concentration. 
     Despite the oxidative stress and 
damage in our study (IV), no 
indication was found that  tyre rubber 
exposure affected the CI of the clams 
(p = 0.642), albeit higher variability 
between individuals was observed in 
tyre rubber-exposed clams than in the 
controls (Fig. 6). The lack of 
differences is not surprising, since 
differences in the CI commonly are 
not found in bivalves experimentally 
exposed to microplastics (Sussarellu 
et al. 2016, Ribeiro et al. 2017, 
O’Donovan et al. 2018, Bour et al. 
2018, Bråte et al. 2018), and in our 
study the clams were fed on a regular 
basis, which maintained their 
nutritional status.  
     A small side experiment (briefly 
described in Table 4) was also 
conducted to investigate whether the 
reburial activity of the clams was 
reduced following tyre rubber 
exposure, since previous studies have 
demonstrated that the exposure to oil 
and various metals, including Cd, Cu, 
Co, Hg and Ni, commonly causes a 
decrease in Limecola balthica 
burrowing activity (McGreer 1979, 
Eldon et al. 1980, Stekoll et al. 1980, 
Sokolowski et al. 1999). In the side 
experiment, the number of clams that 
buried themselves in the clean 
sediment during the 90-min period 
varied between 14 and 22 clams (56–
88%) out of the 25 individuals tested 
in each treatment (Fig. 7). The burial 
rate during the first 30 min was fastest 
in clams taken from the CP and AP 
treatments, and slowest in the AC 
clams. After 90 min, most of the clams 




buried themselves (88% and 84%, 
respectively), and the lowest reburial 
was exhibited by clams taken from the 
AC and CL treatments (56% 
both).  No clear effect of the treatment 
was seemingly detected, indicating 
that the clams sustained their 
burrowing performance despite the 
tyre rubber exposure. Similar 
experimental approaches using 30-
min observation intervals were used, 
e.g. by Sokolowski et al. (1999), who 
concluded that the clams burrowed 
more slowly after being exposed to 
high Cu concentrations (37.5–75 
µg/l). In contrast, Bour et al. (2018) 
found no alterations in the burrowing 
behaviour of Abra nitida and 
Ennucula tenuis after exposure to PE 
microplastics of varying sizes and 
concentrations, although decreases in 
energy reserves were detected.  
Despite the observed intracellular 
damage in the present study (IV), the 
exposure concentrations may have 
been too low to cause clear 
behavioural alterations.  
     However, the decreased energy 
reserves caused by microplastic 
exposure has been proposed to lead to 
reduced sediment-reworking activities 
by benthic invertebrates (Wright et al. 
2013). Following studies have since 
shown that reworking activity can 
indeed change as a result of 
microplastic exposure. For example, 
the burrowing activity of the brittle 
stars Amphiura filiformis was 
modified when exposed to PA 
microfibres (Coppock et al. 2021), and 
the turnover rate of sediment by 
Arenicola marina decreased in 
sediments containing microplastics 
(Green et al. 2016).  The decreased 
burrowing by A. marina could have 
led to the reduced surface area 
available for sediment-water 
exchange, which in turn would have 
resulted in reduction in inorganic 
nutrient release (Green et al. 2016).   
 
 
Figure 7.  Number of clams buried in the clean sediment at 30-min intervals after 
ending experiment IV (AC = acute control, AL = acute leachate, AP = acute 




    Galloway et al. (2017) also stressed 
the importance of bioturbation as a 
process that forms a link between 
individual performance and ecosystem 
functioning in respect to the impacts 
that microplastics may have on the 
marine environment. To date, 
however, the impacts of microplastic 
exposure on bioturbation processes 
(particle and solute transfer) have been 
only sporadically  examined, despite 
the vital role bioturbation  plays in 
carbon and nutrient cycling, oxygen 
penetration into the sediment, as well 
as in the metabolism, dispersion and 
burial of marine pollutants (Rhoads 
1974, Snelgrove 1998). Although the 
effects of microplastics on 
bioturbation were not quantified in 
this thesis, the biochemical and 
intracellular stress experienced by 
Limecola balthica may have far-
reaching consequences, e.g. if it leads 
to fitness reduction and hampers the 
growth of individuals. For example, 
the body size of L. balthica is an 
important factor impacting oxygen 
and nutrient fluxes, and hence large 
individuals are vital for ecosystem 
functioning (Norkko et al. 2013). 
Since indications of the ingestion of  
tyre rubber and other microplastics by 
L. balthica in the northern Baltic Sea 
already exist (Bråte et al. 2020, 
Mustonen 2020), further studies are 
needed to assess whether the exposure 
to microplastics and associated 
contaminants can affect the 
individuals in a way that may lead to 
perturbations in the structure of the 
populations, benthic communities and 







5 MICROPLASTICS ON THE 
SEAFLOOR – CONCLUSIONS 
AND FUTURE RESEARCH 
NEEDS  
 
Here, we examined the interactions 
between plastics, benthic communities 
and harmful substances in the northern 
Baltic Sea, shedding light on how the 
size, properties (polymer type and 
associated contaminants) and vertical 
distributions of plastic litter on the 
seafloor affect their bioavailability 
and risks to benthic fauna. The results 
demonstrate that the bioavailability of 
microplastics is governed by species-
specific upper size limits of ingestion, 
which in the species examined 
(Limecola balthica, Monoporeia 
affinis and Marenzelleria spp.) was 
relatively small (~ 300 µm at the 
largest). Thus, to assess the risks 
microplastics pose to benthic fauna, 
the focus should be on the smallest 
size fractions that also comprise the 
majority of microplastics in 
sediments, as demonstrated e.g. by 
Bergmann et al. (2017). Furthermore, 
since these species mainly feed on the 
sediment surface, the bioavailability 
of newly settled microplastics is 
highest and decreases with their burial 
depth within the sediment.  
     Bioturbation plays an important 
role in the vertical distribution of 
microplastics in sediments: the 
biodiffusers Limecola balthica and 
Monoporeia affinis and gallery-
diffusers Marenzelleria spp. 
facilitated the burial of microplastics, 
while at the same time reducing the 
bioavailability of these particles and 
promoting their preservation in the 
seafloor. Since the redistribution of 
once-buried microplastics back to the 
sediment surface by bioturbation was 
negligible, these results support the 
hypothesis of the Baltic Sea sediments 
acting as microplastic sinks. The 
seafloors represent both current and 
future hotspots for microplastic 
pollution, and if loading continues at 
the current level, the benthic fauna 
feeding on surficial sediments are 
likely to be continuously exposed to 
microplastics during their lifetime.  
     Monitoring of microplastics on the 
seafloor is required in the MSFD 
(Directive 2008/56/EC), and sampling 
is recommended to cover the 
uppermost 5 cm of the sediment 
(Galgani et al. 2013). This sampling 
approach is suitable for the northern 
Baltic Sea, since it corresponds to the 
bioturbated depth observed in this 
thesis. However, the patterns of 
bioturbation vary geographically, 
depending on the fauna present in the 
sediments, and thus spatial 
discrepancies in the vertical 
distribution of microplastics are likely 
to occur even between sites under 
similar levels of microplastic loading. 
To obtain a more comprehensive 
picture of the microplastic reservoirs 
in the seafloor, sampling of deeper 
sediment layers would be reasonable, 
depending on the structure of the local 
benthic communities. Furthermore, 
the microplastic abundance may 
appear very different between sites, 
depending on the presence or absence 
of benthic macrofauna, because the 
lack of bioturbation likely results in 
the aggregation of microplastics in the 
surficial sediment. Taking this into 
account would be crucial for making 




data. In the Baltic Sea, for example, 
the scarcity or the complete lack of 
macroorganisms and thus bioturbation 
is spread over vast areas. In the Baltic 
Proper, including the Gulf of Finland 
and the Gulf of Riga, approximately 
24% of the bottoms were estimated to 
suffer from anoxic conditions and 
33% from hypoxia in 2018 (Hansson 
et al. 2019). In these areas, the sinks 
can become sources if the 
microplastics on the sediment surface 
are more prone to resuspension and 
subsequent horizontal transport by 
hydrological or anthropogenic 
disturbances.  
     The results obtained here also 
indicate that after plastics end up in the 
sediments, the polymer type can 
influence their fate and risks they pose 
to the benthic habitat. When plastics of 
different polymer types were 
incubated in the sediments, the 
bacterial communities developed on 
biodegradable CA diverged from the 
other polymer types examined and 
harboured potentially biodegrading 
bacteria. Thus, the longevity of 
plastics – and hence the timespan for 
their harmful effects in the marine 
environment – can be dependent on 
the polymer type. However, the 
differences between the bacterial 
communities associated with CA and 
PLLA highlight the need to properly 
investigate the biodegradation 
potential of each material, because the 
behaviour of these two materials 
labelled as biodegradable may be very 
different in the marine environment. 
Although potentially biodegrading 
bacterial communities were detected, 
the plastics did not show any visible 
signs of degradation; thus, further 
research is needed to verify whether 
biodegradation of plastics in the sea 
can truly occur. The needed 
environmental conditions, specific 
microorganisms and timelines for the 
degradation of bio-based, 
biodegradable materials should be 
assessed carefully before they are 
extensively adopted in applications 
with high risk of ending up in the 
marine environment. 
     Overall, the bacterial communities 
on plastics resembled those in the 
surrounding sediment, which may 
hamper some organisms’ abilities to 
discriminate plastics from their natural 
food sources and lead to unintentional 
plastic ingestion, as demonstrated by 
Vroom et al. (2017).  Our results also 
showed that all the polymer types 
examined sorbed PAHs from the 
sediments, but had varying PAH 
sorption capacities, indicating that if 
ingested, the microplastics’ roles as 
PAH vectors can depend on the 
polymer type.  Of the polymer types 
examined, PS consistently sorbed the 
highest concentrations of PAHs, 
making it potentially more harmful to 
biota. However, the lower PAH 
concentrations sorbed on the plastics 
than those present in the sediment also 
suggested that the ingestion of plastics 
is not likely to increase the PAH 
burden and pose an elevated risk for 
deposit-feeding animals. Moreover, 
the quantity of HOCs in the plastics 
currently residing in the ocean may 
represent only a tiny fraction of the 
HOC mass that is held by other media; 
thus, other exposure pathways are 
expected to play a larger role than 





     One specific microplastic type that 
may be particularly abundant and 
harmful in the environment is the 
microrubber originating from car tyres 
(Kole et al. 2017, Wagner et al. 2018). 
In this thesis, many PAHs and trace 
metals were quantified from tyre 
rubber, and since the tyre rubber 
particles were ingested by Limecola 
balthica, they are able to carry these 
contaminants to the clams. The 
environmentally relevant chronic 
exposure to rubber fragments did not 
increase the mortality in L. balthica, 
but the clams exhibited multiple 
sublethal responses, indicating 
oxidative stress.  Due to the reduced 
ROS-scavenging capacity of the ADS, 
multiple signs of oxidative damage 
were observed, e.g. in DNA, 
mitochondria and lysosomes.  This 
condition could ultimately result in 
reduced fitness when prolonged, but it 
remains unclear whether these effects 
could further be projected beyond the 
individual level and expand to include 
population dynamics and ecosystem 
functioning.  
     Although  tyre rubber has also been 
recognized as a major emission source 
of microplastics in Finland (Setälä & 
Suikkanen 2020), actual data on its 
abundance in the northern Baltic Sea 
environment are still needed to 
evaluate whether the exposure 
conditions used in the study could 
induce similar effects in Limecola 
balthica living in the natural 
environment.  Since members of the 
benthic sedentary fauna that inhabit 
coastal waters are in close proximity to 
highly urbanized areas, their exposure 
to tyre rubber and its associated 
contaminants is highly likely. When 
newly emitted tyre rubber particles 
settle on the sediment surface, they 
may pose an additional threat to the 
benthic fauna if they are more readily 
ingested and still saturated with 
harmful chemicals present in the 
material. The recently discovered 
highly toxic substance 6PPD-quinone 
originating from car tyres (Tian et al. 
2020) demonstrates that many aspects 
of microplastic pollution are still 
obscure. However, our results show 
here the potential of tyre rubber 
fragments to negatively affect the 
clams and emphasize the importance 
of tyre rubber as a yet understudied 
environmental contaminant.  
     While this thesis provided novel 
information contributing to 
knowledge of the fate of plastics in the 
seafloor and on the interactions 
between benthic fauna and 
microplastics, many knowledge gaps 
remain. To begin with, the 
mechanisms causing toxic effects for 
organisms in microplastic exposures 
should be further explored. It is 
unknown whether the impacts are 
caused by the physical particles, 
associated contaminants or both, and 
interestingly, recent research indicates 
that the particles and leachates may 
have different toxicity profiles (Khan 
et al. 2019). Future efforts should also 
be directed towards conducting more 
environmentally relevant exposure 
studies and linking the parameters 
examined with higher biological 
levels of organization to gain a better 
understanding of the potential effects 
that microplastics may have on 
individuals, communities and whole-
ecosystem functioning.  During the 




impacts of microplastics have 
revolved around the effects of their 
ingestion by macroorganisms, but 
increased focus should be on the 
indirect impacts of plastics and 
plastic-associated contaminants on the 
environment.  Since a recent study by 
Seeley et al. (2020)  observed that 
microplastics can alter the sediment 
microbial community composition 
and nitrogen-cycling processes, 
gaining  further insight of the means 
by how plastics can modify the 
environment and important 
biogeochemical processes would 
broaden our understanding of the 
complex interactions taking place on 
the seafloor and  aid in assessing the 
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